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ABSTRACT 
 
The global human population is expected to exceed 9 billion individuals by 2050, putting 
greater strain on the natural resources needed to sustain such a population. To feed this many 
people, some expect agricultural production will have to double and agrochemical use will have 
to increase anywhere from two- to five-fold relative to the turn of the century. Although 
industrial agriculture has provided many benefits to society, it has caused declines in 
biodiversity, both directly (e.g., through conversion of habitat) and indirectly (e.g., through 
contamination of adjacent natural habitats). Agricultural activity has also been linked to 
increased prevalence and intensity of trematode infections in wildlife and humans – directly by 
increasing available aquatic habitat for the snail intermediate hosts of trematode parasites and 
indirectly by altering the biological composition of aquatic habitats in ways that increase snail 
density. While the effects of single agrochemical contaminants on aquatic communities and 
trematode disease risk have been examined, agrochemical pollution typically occurs as mixtures 
of multiple chemical types in surface waters and the effects of mixtures on aquatic communities 
have received less attention. Moreover, given the high number of chemicals approved for 
agricultural use, the number of potential combinations of agrochemicals renders testing all 
possible combinations implausible. Thus, there is a critical need to develop better risk 
assessment tools in the face of this complexity. 
I developed and tested a theoretical framework that posits that the net effects of 
agrochemical mixtures on aquatic communities can be predicted by integrating knowledge of 
xi 
 
each functional group’s 1) sensitivity to the chemicals (direct effects), 2) reproductive rates 
(recovery rates), 3) interaction strength with other functional groups (indirect effects), and 4) 
links to ecosystem properties. I conducted a freshwater mesocosm experiment to quantify 
community- and ecosystem-level responses to pairwise mixtures of four major agrochemical 
types (fertilizer, herbicide, insecticide, and fungicide) and single chemical treatments. The 
responses of biodiversity and ecosystem properties to agrochemicals alone and in mixtures were 
indeed predictable.  Moreover, these results show that community ecology theory holds promise 
for predicting the effects of contaminant mixtures and offer recommendations on which types of 
agrochemicals to apply together and separately to reduce their impacts on aquatic ecosystems. 
I extended this framework to test if the direct effects of pesticides can be predicted by 
chemical class and/or mode of action. I performed standard toxicity trials on two invertebrate 
predators of snails (crayfish and giant water bugs) exposed to six insecticides belonging to two 
chemical classes (organophosphates and pyrethroids) to determine if environmental risk can be 
generalized to either insecticide class or insecticide exposure. Survival analyses demonstrated 
that insecticide class accounted for 55.7% and 91.1% of explained variance in crayfish and water 
bug survival, respectively. Simulated environmental exposures using US EPA software 
suggested that organophosphate insecticides present relatively low risk (as defined by the US 
EPA) to both crayfish and water bugs, while pyrethroid insecticides present consistently high 
risk to crayfish but not to water bugs, where only -cyhalothrin produced consistently high-risk 
exposure scenarios. Thus, risk to non-target organisms is well predicted by pesticide class. 
Furthermore, identifying insecticides that pose low risk to aquatic macroarthropods might help 
meet increased demands for food while mitigating against potential negative effects on 
ecosystem functions. 
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Because evidence from field data and manipulated experiments demonstrated both top-
down and bottom-up effects of agrochemical pollution that increased snail densities and 
trematode infections in wildlife, I conducted an additional agrochemical mixture experiment with 
freshwater communities containing the snail hosts of schistosomiasis, which has also been linked 
to agriculture. As expected, top-down and bottom-up effects of insecticide, herbicide, and 
fertilizer exposure indirectly increased snail densities, individually and as mixtures. 
Agrochemical exposure and snail density together accounted for 88% of the variation in the 
density of infected snails. Thus, agrochemical pollution has great potential to increase human 
exposure to schistosome parasites, and underscores the importance of identifying low-risk 
alternative pesticides. A subsequent mesocosm experiment with the same six insecticides used 
previously in laboratory trials confirmed that insecticide exposure indirectly mediates the 
densities of snail hosts that can transmit schistosomiasis through the direct effects of insecticides 
on crayfish mortality. Importantly, crayfish mortality in semi-natural mesocosm trials closely 
matched mortality from controlled laboratory trials. Thus, standard laboratory toxicity tests can 
be a useful tool for identifying alternative insecticides that might pose lower environmental risks 
to important predators that regulate snail densities.  
Identifying practices or agrochemicals that minimize this risk is critical to sustainably 
improving human health in schistosome-endemic regions. The theoretical framework presented 
here demonstrates the feasibility of predicting the effects of contaminant mixtures and highlights 
consistent effects of major agrochemical types (e.g. fertilizers, insecticides, etc.) on freshwater 
aquatic community composition. Furthermore, the strong top-down effects of invertebrate snail 
predators highlight that managing for high snail predator densities in might be a particularly 
effective strategy for reducing the burden of schistosomiasis in tropical countries.
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CHAPTER ONE: 
COMMUNITY ECOLOGY THEORY PREDICTS THE EFFECTS OF 
AGROCHEMICAL MIXTURES ON AQUATIC BIODIVERSITY AND ECOSYSTEM 
PROPERTIES 
 
Note to Reader 
This chapter has been previously published in Ecology Letters (2014) 17: 932-941, and has 
been reprinted with permission from John Wiley and Sons, Inc. (Appendix F). © 2014 John 
Wiley & Sons Ltd/CNRS. 
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Abstract 
Ecosystems are often exposed to mixtures of chemical contaminants, but the scientific 
community lacks a theoretical framework to predict the effects of mixtures on biodiversity and 
ecosystem properties.  We conducted a freshwater mesocosm experiment to examine the effects 
of pairwise agrochemical mixtures (fertilizer, herbicide [atrazine], insecticide [malathion], and 
fungicide [chlorothalonil]) on 24 species- and 7 ecosystem-level responses.  As postulated, the 
responses of biodiversity and ecosystem properties to agrochemicals alone and in mixtures was 
predictable by integrating information on each functional group’s 1) sensitivity to the chemicals 
(direct effects), 2) reproductive rates (recovery rates), 3) interaction strength with other 
functional groups (indirect effects), and 4) links to ecosystem properties. These results show that 
community ecology theory holds promise for predicting the effects of contaminant mixtures on 
biodiversity and ecosystem services and yields recommendations on which types of 
agrochemicals to apply together and separately to reduce their impacts on aquatic ecosystems. 
 
Introduction 
The majority of surface waters in areas of agricultural, urban, or mixed land use have 
detectable levels of two or more biocides (Gilliom et al. 2006), which is not surprising given that 
many agrochemicals are applied in mixtures (Relyea 2009; Altenburger et al. 2013). Because 
chemical mixtures in wetlands are the norm rather than the exception, there has been an 
increased focus on developing chemical risk assessment methods that incorporate the predicted 
effects of mixtures (Belden et al. 2007; Backhaus & Faust 2012; Altenburger et al. 2013). The 
field of toxicology has developed some understanding of the effects of chemical mixtures on 
individual species (Fairchild et al. 1994; Anderson & Lydy 2002; Boone & James 2003; Hayes 
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et al. 2006; Relyea 2009) that has spawned models for predicting the effects of mixtures of 
chemicals with similar or different modes of action on the growth, reproduction, and mortality of 
individuals (Altenburger et al. 2000, 2013; Backhaus et al. 2000; Belden et al. 2007; Backhaus 
& Faust 2012). However, less is known about the effects of mixtures on aquatic communities 
and ecosystem properties (Relyea 2009; Altenburger et al. 2013). Predicting when and how 
contaminant mixtures will influence communities and ecosystem properties poses many more 
challenges than predicting the responses of individual taxa in isolation, requiring integration of 
1) both direct and indirect density- and trait-mediated effects of contaminants (Brock et al. 
2000a, 2000b; Fleeger et al. 2003; Relyea & Hoverman 2006), 2) starting community 
composition (Hooper et al. 2005; Rohr & Crumrine 2005), and 3) non-additive effects 
(synergisms and antagonisms), which are more likely with species interactions (Relyea & 
Hoverman 2006). 
 With thousands of biocides in use globally, it is logistically impossible to study the 
responses of aquatic communities to each individual chemical, not to mention all possible 
chemical mixtures. Predicting the effects of pesticide mixtures is increasingly important for risk 
assessment in light of increasing evidence of pesticide exposure driving changes in community 
composition, ecosystem properties, and the loss of regional biodiversity (Schäfer et al. 2007; 
Beketov et al. 2013). Hence, we need a framework that can clarify this complexity by offering a 
null model or expectation for mixtures and, ideally, predict the effects of contaminant mixtures 
on aquatic communities.  Despite this need, much of the research examining the effects of 
contaminant mixtures on communities, biodiversity, and ecosystem properties has been 
descriptive rather than mechanistic or predictive (but see Koelmans et al. 2001; Traas et al. 
2004).  Expanding upon the hypotheses of Rohr and colleagues (Rohr et al. 2006; Clements & 
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Rohr 2009), we submit that food web theory offers such a predictive framework, providing null 
hypotheses regarding antagonistic, additive, or synergistic interactions between chemicals. By 
integrating information on which functional groups 1) are generally sensitive to particular 
chemical classes (i.e., direct effects), 2) their reproductive rates (i.e., recovery after chemical 
exposure), and 3) the strong interactions those groups have with other species in food webs (i.e., 
indirect effects), and then 4) coupling this information with the effects functional groups have on 
ecosystems properties, community ecology theory should be able to predict the effects of 
contaminant mixtures on biodiversity and ecosystem functions and services. To test this general 
hypothesis, we conducted an outdoor mesocosm experiment quantifying the effects of a 
fertilizer, herbicide (atrazine), insecticide (malathion), and fungicide (chlorothalonil), in isolation 
and in all pairwise combinations, on 24 species- and 7 ecosystem-level responses. 
This predictive framework, if supported by empirical data, could provide a platform from 
which the general risks of various agrochemical mixtures could be assessed. This framework 
could allow investigators to use the more well-known responses of important functional groups 
to agrochemical contamination to identify particular agrochemical combinations that may pose 
particularly severe threats to aquatic biodiversity and ecosystem services. Furthermore, if 
responses of taxa to agrochemicals can be predicted by either chemical structure (de Roode et al. 
2006) or phylogeny (Guénard et al. 2011), the combined risks of new agrochemicals and 
mixtures in which they might occur could be estimated before they are approved for use. 
Ultimately, this framework will allow us to generate specific policy recommendations, such as 
altering the timing of agrochemical applications to minimize the adverse impacts of chemical 
contaminants on aquatic communities.   
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Predictions 
We predicted that fertilizers would increase the biomass of primary producers and both 
primary and secondary consumers through bottom-up effects of increased nutrient availability 
(Fig. 1a; Chase 2003a). Herbicides were predicted to act antagonistically to fertilizers, limiting 
primary production and thus decreasing primary and secondary consumers (Fig. 1b; Brock et al. 
2000a). By directly decreasing the abundance of zooplankton (phytoplanktivores) and arthropod 
consumers, we expected insecticides to induce positive indirect effects on non-arthropod 
herbivores and phytoplankton via reductions in competitive and consumer-resource interactions 
(Fig. 1c; Brock et al. 2000b). Fungicides typically have non-specific modes of action (e.g., 
inhibiting cell division; Maltby et al. 2009). For example, chlorothalonil (the fungicide used in 
this study), reduces glutathione within cells and thus disrupts cellular metabolism (Tillman et al. 
1973). Thus, we expected negative direct effects of fungicides across all trophic levels (Fig. 1d). 
We expected the responses of aquatic communities to agrochemical mixtures to be 
predictable based on the direction and magnitude of the combined direct and indirect effects of 
each chemical in isolation. Thus, when direct or indirect effects of agrochemicals in a mixture 
are antagonistic, aquatic community composition is expected to be more similar to controls than 
treatments with either chemical alone. Conversely, when the effects of chemicals in a mixture are 
in the same direction, we expect communities to be more distinct from controls.  
More specifically, we predicted that fertilizer would generally mitigate the negative effects of 
biocides via antagonistic direct and indirect effects (Fig. 1), resulting in communities more 
similar to the controls than those exposed to the biocide alone. A notable exception to this 
general prediction might occur in fertilizer and insecticide mixtures where the combined positive 
direct and indirect effects on primary producers might initially result in algal blooms before 
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arthropod consumers begin to recover (Fig. 1a,c; Traas et al. 2004); this might delay recovery to 
an uncontaminated state.  In contrast, we predicted that biocide mixtures would generally have 
greater effects than the individual biocides alone, with mixture-exposed communities being more 
distinct from the controls than their respective biocide-only treatments. However, we predicted 
the herbicide-insecticide mixture would not follow this general rule, because the direct negative 
effects of herbicides on phytoplankton were expected to at least partially counteract the indirect 
increase in phytoplankton caused by insecticide exposure (Fig. 1b,c; Boone & James 2003).  
Finally, given the well-established relationship between biodiversity and ecosystem functions 
(Hooper et al. 2005), we predicted that contaminant-induced changes to biodiversity, either 
through changes in species richness or relative abundance, would translate to detectable changes 
in ecosystem properties. In particular, we expected dissolved oxygen and pH to respond to 
changes in primary production, and light and temperature to respond to changes in phytoplankton 
density. Here, we provide support for most of these predictions, providing a promising approach 
for predicting and mitigating the deleterious effects of multiple contaminants on freshwater 
ecosystems. 
 
Methods 
The mesocosm experiment was conducted over seven weeks from July to August 2008 at a 
facility in southeastern Hillsborough County, FL, USA (N27°45.530′, W082°13.650′). This 
timing is near the beginning of the rainy season when the probability of agrochemical runoff 
events increases. Freshwater aquatic communities were established for three weeks before the 
start of the experiment; 1200 L plastic tanks were filled with 800 L of well water, inoculated 
with local zooplankton, periphyton, and phytoplankton, and covered with 60% shade cloth. 
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Water temperatures 10cm below the surface ranged from 27-29° C. At these temperatures, we 
estimated generation times of all zooplankton and algae species to be ≤ 7 d (Gillooly 2000). 
Additional organisms were collected from ponds in Hillsborough County, FL, USA, and added 
just before the agrochemical additions to generate aquatic communities representative of 
temporary wetlands in peninsular Florida (Evans et al. 1999), consisting of two species of 
amphibian larvae, four species of snails, five species of macroarthropods, zooplankton, and 
periphyton and phytoplankton (Table A1; see Appendix A for specific methodological details). 
We conceptualized this community into six trait-based functional groups divided between two 
tri-trophic compartments. The first tri-trophic compartment consisted of phytoplankton, 
zooplankton, and zooplankton predators (Corixidae), and the second consisted of periphyton, 
grazers (snails and tadpoles), and predators of grazers (crayfish, hemipterans, and odonate 
larvae). Organisms were collected from local ponds within ~1 km of N27°06.579′, 
W082°23.014′. Phytoplankton, light availability and water temperature were measured weekly, 
and periphyton, zooplankton, dissolved oxygen and pH were sampled biweekly, using standard 
sampling procedures (see Appendix A). At the conclusion of the experiment, all tanks were 
drained and amphibians, snails, and macroarthropods were counted, and leaf litter packets were 
dried and weighed. This research was approved by animal care and use committee protocols 
W3228 at the University of South Florida and 023-08WEC at the University of Florida 
(Appendix D). 
To standardize relative agrochemical exposure concentrations, we used US EPA GENEEC 
v2 software, which uses the physicochemical properties of agrochemicals in conjunction with 
manufacturer application recommendations to estimate the peak exposure concentration (EEC) 
for each biocide (parameters reported in Table A5). Experimental treatments consisted of four 
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agrochemicals in isolation at one of two concentrations (1x and 2x EEC; fertilizer: nitrogen, 1x = 
4400 g/L, phosphorus, 1x = 440 g/L; fungicide: chlorothalonil, EEC = 164 g/L; herbicide: 
atrazine, EEC = 102 g/L; insecticide: malathion, EEC = 101 g/L), all six possible pairwise 
mixtures of agrochemicals (1x EEC of each chemical), and water and solvent (50 mg/L acetone) 
controls. Total nitrogen and phosphorus concentrations were similar to those found in high 
productivity ponds reported by Chase (2003b). Nitrogen and phosphorus concentrations in 
control tanks were 370 g/L and 60 g/L, respectively, but we did not determine which was the 
limiting nutrient. We included the 2x EEC treatments of each agrochemical alone to account for 
mixture treatments containing twice the number of EEC complements. Four replicate tanks of 
each treatment (64 mesocosms total) were arranged in a randomized block design.  
Agrochemicals were applied as single applications of technical grade compounds (chlorothalonil 
= 99.0% purity, atrazine = 98.9% purity, and malathion = 98.4% purity, Chemservice, West 
Chester, PA, USA; fertilizer added as NaNO3 and NaH2PO4·H2O, Thermo Fisher Scientific, 
Waltham, MA, USA) dissolved in acetone. To quantify actual concentrations, water samples 
were collected from each tank approximately 1 h after application of agrochemicals, were pooled 
into a single sample because of the high cost of these analyses (~$150/sample), and were 
analyzed by the Mississippi State Chemical Laboratory.  
 
Data analysis 
All data were natural log-transformed prior to analysis, and Bray-Curtis similarity was used 
as the dissimilarity measure for analyses of the full community. Water and solvent control tanks 
had similar communities (P=0.474), so these treatments were pooled for subsequent analyses. 
Similarly, there were no effects of agrochemical concentration on the community-level response 
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within agrochemical treatments, so 1x and 2x EEC treatments were pooled for each 
agrochemical in subsequent analyses (Table A2).  
Our predictions were presented as a priori expectations about whether the communities 
exposed to agrochemical mixtures would be either significantly more or less similar to the 
control treatments, relative to the communities exposed to the respective biocides alone. To test 
the specific hypotheses associated with our predictions, we calculated the Bray-Curtis 
dissimilarity between the centroids of the agrochemical treatments and the control centroid 
(𝐵𝐶̅̅ ̅̅ Treatment,Co). For each comparison (e.g., fertilizer-fungicide mixture vs. fungicide-only), we 
subtracted the dissimilarity between the centroids of the mixture treatment and the control from 
the dissimilarity between the centroids of the biocide-only treatment and the control. Thus, a 
positive value would indicate that the mixture treatment was relatively more similar to the 
control treatment than the biocide alone, and vice versa. For example, the Bray-Curtis 
dissimilarity between fungicide-only treatments and control treatments (𝐵𝐶̅̅ ̅̅ Fu,Co) was 10.99 while 
the dissimilarity between the fertilizer-fungicide treatment and the control treatment (𝐵𝐶̅̅ ̅̅ Fe+Fu,Co) 
was 7.07, and therefore 𝐵𝐶̅̅ ̅̅ Fu,Co – 𝐵𝐶̅̅ ̅̅ Fe+Fu,Co = 3.92. We then compared this observed value to a 
null distribution of simulated test statistics in which all treatment designations were randomly 
reshuffled among the tanks of the treatments being compared. The dissimilarity between each 
tank and the control centroid and the dissimilarities between the randomized treatment centroids 
and the control centroid were calculated following the methods of Anderson (2006). We 
performed this randomization procedure 10,000 times and determined significance as the 
proportion of simulated test statistic values that were either greater than or equal to (or less than 
or equal to, depending on the a priori prediction) the observed test statistic. 
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Community-level and individual species responses to agrochemicals four weeks post-
exposure were further explored using permutation-based analysis of variance (PERMANOVA; 
see Appendix A) and permutation-based tests of homogeneity of multivariate dispersions from 
the spatial median of each treatment (PERMDISP; Anderson et al. 2008). To visualize the 
community response to treatments, we performed a distance-based redundancy analysis 
(dbRDA) to generate a constrained ordination diagram, using the significant main effects and 
interaction terms determined from the PERMANOVA analysis as categorical predictor variables 
(Anderson et al. 2008). Distance-based redundancy analysis is a direct analog to traditional 
redundancy analysis (RDA) but is more flexible in that it can be used with non-Euclidean 
measures of distance (such as Bray-Curtis dissimilarity) that are often more appropriate for the 
analysis of ecological data (Legendre & Anderson 1999). All community and individual species 
responses were analyzed using PERMANOVA+ for PRIMER (v6, PRIMER-E Ltd, Plymouth, 
UK).  
To test the hypothesis that the changes in aquatic community composition associated with 
agrochemical mixtures resulted in subsequent changes in ecosystem properties, we performed a 
combined factor-path analysis using methods described previously (McMahon et al. 2012). To 
reduce the number of potential pathways in the path analysis, we identified latent variables 
representing the responses of various functional groups (e.g. – herbivores of periphyton) and 
ecosystem properties (dissolved oxygen, pH, etc.). Latent variables were constructed by 
performing a confirmatory factor analysis in Statistica (v11, StatSoft, Tulsa, OK, USA; with 
varimax rotation) to extract the underlying correlational structure among the dependent variables 
associated with each functional group or class of ecosystem properties. We then conducted a 
path analysis using the lavaan package in R (Rosseel 2012; R Core Team 2013) to determine the 
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significance of hypothesized causal pathways among agrochemical mixtures and the latent 
functional groups and ecosystem properties. 
 
Results 
 
Direct and indirect effects of individual agrochemicals 
Multivariate dispersion was not different among treatments (F15,48 = 1.474, P = 0.153). Each 
agrochemical had a significant main effect on aquatic community composition (Table 1.1; Figs. 
1.2, A1). Snail abundance was generally higher in the presence of fertilizer, particularly for 
Planorbella trivolvis and Viviparus georgianus, whereas crayfish (Procambarus alleni) 
abundance was lower (Fig. 1.2b; Table A2). Fungicide decreased leaf litter decomposition and 
generally decreased the abundance of herbivores, particularly calanoid copepods, larval 
amphibians, and snails (Fig. 1.2b; Table A2). Phytoplankton (Fig. A2a) and periphyton 
chlorophyll a (Fig. A2d) increased in treatments with fungicide. Herbicide reduced 
phytoplankton (Fig. A2b), periphyton abundance (when herbivores were present; Fig. A2e), and 
crayfish survival, and increased P. trivolvis abundance (Fig.1. 2b; Table A2). Insecticide 
treatments did not significantly affect macroarthropods, but had strong effects on the abundance 
of cladoceran zooplankton; more specifically, Ceriodaphnia sp. abundance was reduced 
throughout the experiment, but Diaphanosoma sp. abundance was higher at the end of the 
experiment in insecticide treatments (Figs. 1.2b, A3; Table A2).  
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Testing predictions for agrochemical mixtures 
Fertilizer-biocide mixtures 
No fertilizer-biocide mixture was significantly different from the control treatments (Table 
A3), despite significant main effects of each biocide (Table 1.1). At the end of the experiment, 
communities exposed to fertilizer-fungicide mixtures were more similar to the control treatment 
than were the communities exposed to the fungicide-only treatments (Figs. 1.2, A1). This was 
particularly the case for species that could reproduce within the tanks, such as zooplankton (Fig. 
A3) and snails (Fig. A4). Indeed, when considering only those taxa that could exhibit population 
recovery within the tanks (i.e. reproduce), community composition in fertilizer-fungicide 
mixtures was significantly more similar to the control than fungicide alone communities (𝐵𝐶̅̅ ̅̅ Fu,Co 
– 𝐵𝐶̅̅ ̅̅ Fe+Fu,Co = 3.92, P = 0.0073).  
Similarly, the fertilizer-insecticide mixture treatment resulted in a community more similar to 
that of the control than insecticide alone communities (𝐵𝐶̅̅ ̅̅ In,Co – 𝐵𝐶̅̅ ̅̅ Fe+In,Co = 3.24, P = 0.0139). 
Consistent with our predictions, phytoplankton abundance was initially higher in fertilizer-
insecticide mixtures than with either chemical alone (Fig. A2c) and zooplankton communities in 
the mixture treatment were initially similar to those of insecticide-only treatments (Fig. A3c,d). 
However, by the end of the experiment, cladoceran zooplankton and phytoplankton abundances 
in fertilizer-insecticide mixture treatments were similar to control treatments, unlike those of the 
insecticide-only treatments (Figs. A2c, A3c,d). 
The combination of herbicide and fertilizer resulted in communities more distinct from the 
control than were those exposed to herbicide alone (𝐵𝐶̅̅ ̅̅ He,Co – 𝐵𝐶̅̅ ̅̅ Fe+He,Co = -6.20, P = 0.0081). 
The abundances of snails and crayfish in the fertilizer-herbicide mixture were higher and lower, 
respectively, than predicted by the additive effects of each chemical alone (fertilizer*herbicide; 
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snails: Pseudo-F1,63 = 3.343, P = 0.0335; Table A2; Fig. A4c,d). The mixture community was 
characterized by greater initial periphyton growth (in the absence of herbivores; Table A2) and 
greater abundances of periphyton-consuming herbivores (snails) at the end of the experiment. 
Phytoplankton abundance in the fertilizer-herbicide mixture treatment was generally low early in 
the experiment and then increased late (Fig. A2b), consistent with fertilizer-facilitated recovery.  
Biocide-biocide mixtures 
Aquatic communities exposed to pairs of biocides were representative of the sum of the main 
effects of each chemical in isolation (Table 1.1; Figs. 1.2, A1). Thus, when each chemical 
reduced the abundance of a given taxa, the mixture community exhibited a lower abundance than 
in either biocide-only treatment. Likewise, when the two chemicals had opposing effects in 
isolation, the mixture effect was intermediate between the respective single-biocide treatments. 
Fungicides were toxic to several taxa, and mixtures of fungicide with either herbicide or 
insecticide shifted communities further from controls, as predicted (Figs. 1.2, A1). Indeed, each 
of these two mixtures had communities that were significantly different from the controls (Table 
A3). The fungicide-insecticide mixture community was significantly less similar to the control 
community than were those of either fungicide (𝐵𝐶̅̅ ̅̅ Fu,Co – 𝐵𝐶̅̅ ̅̅ Fu+In,Co = -3.96, P = 0.0123) or 
insecticide alone (𝐵𝐶̅̅ ̅̅ In,Co – 𝐵𝐶̅̅ ̅̅ Fu+In,Co = -7.60, P = 0.0017). In fact, combined fungicide-
insecticide exposure resulted in aquatic communities that were the most distinct from 
communities that did not receive agrochemicals, consistent with these two agrochemicals having 
the largest main effects out of the four agrochemicals tested (Table 1.1; Figs. 1.2, A1). 
Community composition in tanks exposed to fungicide-herbicide mixtures was significantly 
more distinct from the controls relative to that of herbicide alone (𝐵𝐶̅̅ ̅̅ He,Co – 𝐵𝐶̅̅ ̅̅ Fu+He,Co = -10.31, 
P = 0.0020), but not fungicide alone (𝐵𝐶̅̅ ̅̅ Fu,Co – 𝐵𝐶̅̅ ̅̅ Fu+He,Co = -3.34, P = 0.1463). This is consistent 
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with herbicide having a relatively small main effect on community composition compared to that 
of fungicide (Table 1.1; Figs. 1.2, A1). Also as predicted, the mixture of herbicide and 
insecticide resulted in communities intermediate between those exposed to either biocide alone 
(Figs. 1.2, A1), and of similar distance to the control communities relative to either biocide alone 
(𝐵𝐶̅̅ ̅̅ He,Co – 𝐵𝐶̅̅ ̅̅ He+In,Co = -2.09, P = 0.2781; 𝐵𝐶̅̅ ̅̅ In,Co – 𝐵𝐶̅̅ ̅̅ He+In,Co = 1.25, P = 0.8660; Table A3). 
Effects on ecosystem properties 
Ecosystem properties were best represented by two principal factors: (1) axis 1, correlated 
with leaf litter decomposition, dissolved oxygen and pH, and (2) axis 2, correlated with light 
availability and water temperature (Fig. 1.3).  Neither ecosystem axis was directly influenced by 
agrochemicals, with the exception of fungicide having a direct influence on axis 1 (Fig. 1.3; 
Table A4). This effect was presumably mediated by direct effects of chlorothalonil on fungal-
associated decomposition (Table A2), as there were no direct effects of chlorothalonil on DO or 
pH in a separate experiment (McMahon et al. 2012). Instead, these ecosystem properties were 
indirectly and predictably affected by agrochemicals through changes in periphyton and 
phytoplankton abundances (Fig. 1.3). The agrochemicals affected predators of herbivores and 
herbivores. These effects then cascaded down to the primary producers that drove much of the 
effects on the measured ecosystem properties (Fig. 1.3; Table A4). More specifically, when 
agrochemicals directly decreased herbivore abundances, there were indirect positive effects on 
periphyton and phytoplankton, which subsequently increased dissolved oxygen (through 
photosynthesis) and pH, and decreased decomposition. Similarly, these increases in 
phytoplankton reduced light penetration through the water column and thus water temperature.  
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Discussion 
 
Fertilizer-biocide mixtures 
We predicted that fertilizer would generally reduce the adverse effects of biocides by limiting 
direct toxicity of the biocide (by providing increased energetic resources necessary for 
detoxification) or facilitating reproduction-mediated recovery through increased primary 
productivity.  Consequently, we predicted that communities exposed to fertilizer-biocide 
mixtures would be more similar to the controls than either agrochemical alone. Consistent with 
our predictions, the community composition of each fertilizer-biocide mixture was generally 
more similar to that of the control treatment than were the communities of the respective biocide-
only treatments (Figs. 1.2, A1). The negative main effects of fungicide and insecticide were 
eliminated or decreased when fertilizer was paired with either agrochemical. The observed early 
peak in phytoplankton abundance followed by subsequent zooplankton recovery in the fertilizer-
insecticide mixture treatment provides evidence of fertilizer-facilitated recovery. This is 
consistent with other experimental data in which the observed recovery of zooplankton to 
combined nutrient and insecticide exposure was faster than the rate of recovery suggested by 
simulations (Traas et al. 2004). Similarly, phytoplankton abundance in fertilizer-herbicide 
mixtures was initially low but recovered late in the experiment. In contrast, the repeated 
measures data from the fertilizer-fungicide mixture exhibit reduced mortality relative to the 
fungicide-only treatment early in the experiment, suggesting that fertilizer either reduced toxicity 
to the fungicide, or that recovery occurred more rapidly than in the other mixture treatments. 
The fertilizer-herbicide mixture did not respond as we predicted. Instead, we observed initial 
increases in periphyton and increased snail abundance at the end of the experiment. These results 
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are consistent with previous research demonstrating that the negative direct effects of atrazine on 
phytoplankton increase light availability, which indirectly increases periphyton (because light 
can be a limiting resource) and subsequently increases snail populations (Rohr et al. 2008b, 
2012; Baxter et al. 2011; Staley et al. 2011). Similar indirect effects on algal dynamics may 
occur with other herbicides (Brock et al. 2000a). Nevertheless, it remains unclear whether this 
shift toward increased snail abundance is specific to the atrazine-fertilizer mixtures or whether it 
would also occur with other herbicides mixed with fertilizer. Importantly, most of the 
interactions between fertilizer and biocides were observed for species that could reproduce in the 
mesocosms during the course of the experiment (snails, zooplankton, and algae), emphasizing 
the importance of reproduction-mediated recovery processes for predicting short- and long-term 
effects of contaminant mixtures (Rohr et al. 2006). Caution should be exercised in the 
generalization of fertilizers as mediators of the negative impacts of biocides because the net 
effects will depend on the magnitude and duration of exposure to each chemical.  Indeed, chronic 
exposures to fertilizer can lead to large-scale shifts in community composition (Scheffer & 
Carpenter 2003; Slavik et al. 2004). 
 
Biocide-biocide mixtures 
We predicted that community responses to mixtures of biocides would generally be less 
similar to controls than treatments exposed to either biocide in isolation, with the exception of 
herbicides and insecticides, which should mitigate one another because herbicides should 
counteract algal blooms caused by insecticide-induced mortality of phytoplanktivorous 
zooplankton. As predicted, pairwise mixtures of biocides resulted in communities that exhibited 
an additive response to the main effects of each chemical. Mixtures of fungicide with either 
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herbicide or insecticide shifted communities further from controls (Figs. 1.2, A1). Consistent 
with the relatively large main effects of fungicide and insecticide, the fungicide-insecticide 
mixture resulted in communities that were not only the most distinct from the controls but also 
distinct from either chemical alone (Table A3). The main effect of herbicide was small relative to 
that of fungicide, and thus communities exposed to fungicide-herbicide mixtures were distinct 
from those exposed only to herbicide but not the fungicide-only treatments. Likewise, the main 
effects of herbicide and insecticide were generally opposing, and community composition in 
herbicide-insecticide treatments was therefore intermediate relative to the treatments exposed to 
each biocide in isolation (Figs. 1.2, A1). This result is consistent with previous studies exploring 
the effects of herbicide-insecticide mixtures on amphibians and snails (Boone & James 2003; 
Rohr & Crumrine 2005).  
 
Effects on ecosystem properties 
Consistent with our predictions, ecosystem properties did not respond directly to 
agrochemicals. Rather, ecosystem properties responded to changes in the abundance of primary 
producers, which responded to agrochemicals in isolation or as mixtures either directly (through 
direct toxicity or increased nutrient availability) or indirectly (through changes in herbivore 
abundance). Herbivory can be an important mediator of ecosystem processes in aquatic 
ecosystems, by changing the composition of primary producers. However, the consequences of 
herbivory on ecosystem properties depends on the architecture of the food web. For example, 
invasive snails can increase phytoplankton biomass, water turbidity, and nutrient levels by 
selectively removing macrophytes (Carlsson et al. 2004), yet, in other systems, snails mediate 
the impacts of nutrient additions by reducing epiphytic algae and indirectly increasing 
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macrophyte primary productivity (Verhoeven et al. 2012).  This suggests that understanding the 
combined direct and indirect effects of agrochemicals on herbivores may be particularly 
important for predicting net effects on ecosystem properties.  
The ability to successfully predict the responses of ecosystem properties to agrochemical 
mixtures is of particular importance because freshwater ecosystems provide many goods and 
services to humans that are related to these properties (Costanza et al. 1997; Baron et al. 2002). 
Dissolved oxygen, pH, and decomposition are important correlates with the rate of energy flow 
through ecosystems, suggesting that the responses of other unmeasured ecosystem services might 
also be predictable using this theoretical framework. Natural resource managers are often tasked 
with management of ecosystem services, in addition to individual species or biological 
communities (de Groot et al. 2010), and better models to predict contaminant effects on 
ecosystem functions would help them make better decisions about what management solutions to 
employ.  
The presence of simultaneous effects across trophic levels and functional redundancies 
within trophic levels presents challenges to predicting ecosystem-level responses to changes in 
biodiversity (Covich et al. 2004; Hooper et al. 2005; Duffy et al. 2007; Reiss et al. 2009). Our 
experiment provided scenarios in which most pairwise agrochemical mixtures had direct effects 
on multiple trophic levels in communities where functional redundancies were present in each 
level (e.g., multiple grazers and predators). Despite this complexity, we were generally able to 
successfully predict changes in community composition, and thus changes in ecosystem-level 
properties, by integrating knowledge on 1) the direct effects of contaminants on functional 
groups, 2) the recovery rates of functional groups, 3) food web architecture (indirect effects), and 
4) the relationship between functional groups and specific ecosystem functions (Rohr et al. 2006; 
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Suding et al. 2008; Clements & Rohr 2009). Although the magnitude of indirect contaminant 
effects in diverse natural ecosystems might be reduced by greater functional redundancies or 
different interaction strengths among species, our ability to predict these indirect effects for 
relatively diverse communities in large-scale mesocosms suggests that this food web-based 
framework might be capable of predicting indirect effects on natural ecosystems, as well.  
 
Caveats 
With thousands of different biocides in use globally, this work has great potential to simplify 
risk assessment for agrochemicals. However, further work is needed to determine whether these 
results are general and thus representative of other agrochemicals within these broad 
agrochemical types. Our study examined pairwise mixtures of simultaneously introduced 
agrochemicals of different types and responses were observed over a relatively short time frame. 
Chronic exposure to and relative differences in the environmental persistence of agrochemical 
contaminants may result in community- and ecosystem-level responses that are only apparent 
over longer periods (Leibold et al. 1997; Slavik et al. 2004).  
In closed micro- and mesocosm community experiments, observed recovery dynamics can be 
limited if either the length of the experiment is insufficient to allow multiple generations of all 
species, or when species with non-aquatic life stages (e.g., amphibians and odonates) are unable 
to recolonize. This experiment was limited to a relatively short time frame to avoid unrealistic 
responses that would have resulted from stochasticity in the reproduction of highly fecund 
arthropod predators (i.e., crayfish). In such cases, simulations modeling recolonization of species 
have been used to better extrapolate from experimental community-level dynamics to natural 
conditions (Traas et al. 2004). 
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The responses we observed to pairwise chemical exposures might also be altered by mixtures 
of three or more agrochemical types and the initial concentrations of the constituent chemicals.  
We did not observe evidence of a community-level dose response to the 1x and 2x EEC 
treatments for any of the agrochemicals. Generally, the 1x EEC concentrations seemed to be 
sufficiently high to produce the maximum population-level responses on the target taxa. 
Therefore, the addition of more chemical did not significantly increase mortality of these taxa, 
and hence did not cause greater indirect effects on the community. However, significant 
responses to mixtures have been observed when individual chemical concentrations were 
sufficiently low to produce no or little effect in isolation (Faust et al. 2000). It is possible that 
significant effects of mixtures on community- or ecosystem-level responses could occur at lower 
environmental concentrations of the constituent chemicals. Recent evidence of catastrophic shifts 
in communities exposed to low levels of multiple stressors, often over long periods of time 
(Scheffer & Carpenter 2003; Slavik et al. 2004), highlights the need for further empirical 
research in these contexts. We submit that although the logistics of testing more complex 
mixtures over longer time scales becomes more difficult, our framework provides a null 
expectation against which observed experimental effects can be tested.  
 
Policy and management implications 
Provided that our results are representative, we can suggest potential management 
recommendations to reduce potential impacts of agrochemicals to nearby surface waters. We 
stress that we are not advocating for increased use of agrochemicals.  Rather, given that 
agrochemicals will continue to be applied to turf and crops, we suggest that timing of 
agrochemical applications could be altered, to the extent possible, to mitigate risk.  Specifically, 
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our results suggest that coupling applications of fertilizer with any biocide, coupling applications 
of insecticides with herbicides, and avoiding simultaneous applications of all other biocides 
could reduce risk to aquatic communities relative to present agrochemical application practices. 
Modifying the spatial arrangement of crops to minimize the environmental risks from runoff 
events that might mix agrochemicals applied separately on adjacent fields may prove to be a 
particularly feasible strategy. One important exception is the mixture of fertilizer with herbicides, 
which was observed to increase snail abundance. Snail population dynamics are of particular 
concern because of the importance of snails as intermediate hosts for human and wildlife 
diseases (Rohr et al. 2008a, 2008b; Moran et al. 2009), and as mediators of indirect effects on 
ecosystem functions (Carlsson et al. 2004; Verhoeven et al. 2012). Although implementation of 
these management practices is likely to reduce adverse effects on aquatic ecosystems, we 
advocate using an adaptive management approach to assess potential effects that are outside the 
scope our experimental design.  
Despite the complexity of responses of aquatic ecosystems to agrochemical pollution, our 
experiment suggests that we can use food web theory and our knowledge of the responses of taxa 
susceptible to isolated agrochemicals to predict the effects of agrochemical mixtures on both 
community composition and ecosystem functions. With knowledge of food web architecture and 
the relative strength of interactions among functional groups, responses of more complex natural 
systems (including actual streams, ponds, lakes, or terrestrial habitats) and mixtures (e.g., three 
or more chemicals), might also be predictable. 
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Tables 
Table 1.1. Results of PERMANOVA analysis of full community response to agrochemical 
mixtures. 
 
Source df SS     MS Pseudo-F P* 
Block 3 856.04 285.35 2.653 0.001 
Fertilizer 1 274.96 274.96 2.556 0.022 
Fungicide 1 1444.4 1444.4 13.428 0.001 
Herbicide 1 220.17 220.17 2.047 0.041 
Insecticide 1 452.02 452.02 4.202 0.001 
Fe x Fu 1 244.29 244.29 2.271 0.037 
Fe x He 1 293.10 293.10 2.725 0.010 
Fe x In 1 219.26 219.26 2.038 0.054 
Fu x He 1 122.59 122.59 1.140 0.334 
Fu x In 1 64.62 64.617 0.601 0.766 
He x In 1 142.98 142.98 1.329 0.229 
Pooled 50 5378.2 107.56 
  Total 63 10269        
  * P-values determined by permutation 
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Figures 
 
 
Figure 1.1. Predicted direct (solid arrows) and indirect (dashed arrows) effects of A) fertilizer, B) herbicide, C) 
insecticide, and D) fungicide on a tri-trophic community. Relative strength of indirect effects are indicated by length 
of dashes in the arrow (long dashes = stronger indirect effect). R = resource, C = consumer, P = predator. 
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Figure 1.2. Distance-based redundancy analysis of community-level responses to agrochemical treatments showing 
A) vector overlays of predictor variables and B) vector overlays of species responses. Species abbreviations are Cal. 
= calanoid copepods, Cer. = Ceriodaphnia sp., Cyc. = cyclopoid copepods, Dia. = Diaphanosoma sp., Lit. = percent 
leaf litter mass remaining, Ost. = Osteopilus septentrionalis, Phy. = phytoplankton F0, Pla. = Planorbella trivolvis, 
Pro. = Procambarus alleni.  
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Figure 1.3. Path model demonstrating that effects of pesticide mixtures on ecosystem properties were mediated by 
the impacts of the mixtures on biodiversity. Given the sample size (n = 64), factor analyses for latent variables 
(ellipses and dashed arrows) were conducted before the path analysis was conducted on the structural model (bold 
shapes and solid arrows).  Probability values and standardized coefficients are next to each path and factor loadings 
are provided next to dashed lines.  To reduce visual complexity, the coefficients and probability values for the 
effects of the agrochemical mixtures and spatial block on herbivores, algae, and ecosystem properties are not 
provided.  See Table A4 for these coefficients and probability values.  F0 is a measure of chlorophyll a and QY is a 
measure of photosynthetic efficiency.  The root mean square error of approximation (RMSEA) for the model was 
0.1, indicating a good fit of the model to the data. 
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CHAPTER TWO: 
COMPARATIVE TOXICITIES OF ORGANOPHOSPHATE AND PYRETHROID 
INSECTICIDES TO AQUATIC MACROARTHROPODS 
 
Note to Reader 
This work has been accepted for publication in Chemosphere (2015) under the same title. 
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Neal T. Halsteada, David J. Civitelloa, Jason R. Rohra4 
 
Abstract 
As agricultural expansion and intensification increase to meet the growing global food 
demand, so too will insecticide use and thus the risk of non-target effects. Insecticide pollution 
poses a particular threat to aquatic macroarthropods which play important functional roles in 
freshwater ecosystems. Thus, understanding the relative toxicities of insecticides to non-target 
functional groups is critical for predicting effects on ecosystem functions. We exposed two 
common macroarthropod predators, the crayfish Procambarus alleni and the water bug 
Belostoma flumineum, to three insecticides in each of two insecticide classes (three 
                                                          
3 Author contributions: N.T.H. and J.R.R. conceived and designed the experiment. N.T.H. conducted the 
experiment. N.T.H. and D.J.C. performed the statistical analyses. All authors contributed to preparation of the 
manuscript. 
 
4 Author affiliations: 
a Department of Integrative Biology, University of South Florida, Tampa, FL 33620 
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organophosphates: chlorpyrifos, malathion, and terbufos; and three pyrethroids: esfenvalerate, -
cyhalothrin, and permethrin) to assess their toxicities. We generated 150 simulated 
environmental exposures using the US EPA Surface Water Contamination Calculator to 
determine the proportion of estimated peak environmental concentrations (EECs) that exceeded 
the US EPA level of concern (0.5∙LC50) for non-endangered aquatic invertebrates. 
Organophosphate insecticides generated consistently low-risk exposure scenarios (EECs < 
0.5∙LC50) for both P. alleni and B. flumineum. Pyrethroid exposure scenarios presented 
consistently high risk (EECs > 0.5∙LC50) to P. alleni, but not to B. flumineum, where only -
cyhalothrin produced consistently high-risk exposures. Survival analyses demonstrated that 
insecticide class accounted for 55.7% and 91.1% of explained variance in P. alleni and B. 
flumineum survival, respectively. Thus, risk to non-target organisms is well predicted by 
pesticide class. Identifying insecticides that pose low risk to aquatic macroarthropods might help 
meet increased demands for food while mitigating against potential negative effects on 
ecosystem functions. 
 
Introduction 
Global sales of insecticides have increased over the past several decades (Grube et al. 2011). 
Insecticide use is positively correlated with cropland (Meehan et al. 2011) and is almost certain 
to increase with the agricultural expansion necessary to feed the increasing global human 
population (Tilman et al. 2001, 2011). Pyrethroid use in particular has increased worldwide, 
especially to control vector-borne diseases (van den Berg et al. 2012). Additionally, the 
organophosphate insecticides chlorpyrifos and malathion remain among the most-frequently 
detected insecticides in surface waters of the United States (Gilliom 2007), even as agricultural 
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use of organophosphates in the United States has stagnated (Grube et al. 2011; Thelin & Stone 
2013).  
Agrochemical pollution from insecticide run-off can have important negative consequences 
for non-target taxa (Brock et al. 2000; Rohr et al. 2008b, 2013; McMahon et al. 2012). 
Insecticides can adversely impact aquatic macroarthropods (Brock et al. 2000; van Wijngaarden 
et al. 2006), which play many important functional roles in wetland ecosystems (Wallace & 
Webster 1996), including as predators of aquatic herbivores (Kesler & Munns, Jr. 1989; Weber 
& Lodge 1990) and as prey for vertebrate predators (Jordan et al. 1996). Because they occupy 
intermediate trophic levels, macroinvertebrates can mediate the effects of both top-down and 
bottom-up pressures on ecosystems (Wallace & Webster 1996). Thus, changes in the abundances 
of macroarthropod predators can indirectly affect aquatic community composition and ecosystem 
properties (Rohr & Crumrine 2005; Halstead et al. 2014). 
As new pesticides are developed and approved for use, it is important that risk assessors can 
predict the risk these chemicals pose to non-target wildlife. Pesticides may vary both in their 
toxicity to organisms and in their estimated environmental exposures, based off recommended 
application rates and their physicochemical properties. Insecticides with similar modes of action 
often have similar safe threshold values in terms of toxic units (concentrations of different 
pesticides that are standardized by dividing by the geometric mean of reported EC50 values of the 
most sensitive standard test species (typically Daphnia magna); Brock et al. 2000). Therefore, 
pesticides of the same class (i.e., organophosphate vs pyrethroid insecticides) might be expected 
to pose similar risk to focal species even though individual pesticides within a class might vary 
in their relative estimated environmental exposures and/or toxicities. 
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The United States Environmental Protection Agency (US EPA) has developed standardized 
methods for assessing risk to non-target organisms. Environmental exposure scenarios can be 
generated using the US EPA’s Surface Water Contamination Calculator software (SWCC 
v1.106), which incorporates recommended pesticide application rates for a given crop, local 
weather and soil characteristics, and the physicochemical properties of the pesticide to generate a 
30-year series of peak estimated environmental concentrations (EECs) for a standardized 
wetland (US EPA, Washington, DC, USA). The ratio of the EEC for a given pesticide relative to 
its median lethal concentration (LC50) for an organism of concern is then used to determine a risk 
quotient for that organism (RQ = EEC/LC50; US EPA, 2014a). The US EPA considers RQ values 
of 0.5 or greater as representing acute high risk to aquatic organisms (US EPA, 2014a).  
Here we compare the relative toxicities of three insecticides in each of two classes of 
compounds (three organophosphates: chlorpyrifos, malathion, and terbufos; and three 
pyrethroids: esfenvalerate, -cyhalothrin, and permethrin) for two important macroarthropod 
predators of snails: the crayfish Procambarus alleni and the water bug Belostoma flumineum. 
Additionally, as an exploration of relative environmental risk within and between insecticide 
classes, we compared simulated peak environmental exposures for each insecticide to the US 
EPA level of concern (0.5∙ LC50) for each species. Both classes of these insecticides affect the 
nervous systems of target organisms; organophosphates inhibit acetylcholinesterase activity 
(Newman & Unger 2002), and pyrethroid insecticides act on voltage-sensitive ion channels in 
the axonal membranes of neurons that prevents repolarization of action potentials (Soderlund et 
al. 2002). Our goals were to determine if individual insecticides within a chemical class pose 
similar threats to these arthropods, and if there are individual chemicals or classes that might 
pose a lower risk to these taxa if runoff events occur. 
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Methods 
 
Study organisms 
Two common macroarthropod predators were selected for this study. Both Procambarus 
alleni and Belostoma flumineum are ubiquitous in freshwater wetlands throughout Florida. 
Belostoma flumineum occur throughout much of North America (Henry & Froeschner 1988). 
While P. alleni are endemic to Florida (Jordan et al. 1996), the genus is widespread throughout 
southeastern North America, northern Central America and the northern Caribbean (Hobbs, Jr. 
1984), and P. clarkii have been introduced to every continent except Australia and Antarctica 
(Hobbs, III et al. 1989). Juvenile Procambarus alleni (10 - 43 mm total length) and adult 
Belostoma flumineum (11 – 20 mm total length) were collected from a pond in Tampa, FL, 
located at 28°4.172’N, 82°22.665’W. This pond was located far from agricultural land and so 
was not likely to have been contaminated with agrochemicals with the exception of malathion, 
which is used ubiquitously throughout Hillsborough County, FL, for adult mosquito control. 
Individuals in the experiment were maintained separately in the lab in artificial spring water 
(ASW; Cohen and Neimark, 1980) at 22°C, on a 14:10 photoperiod, and fed snails (Physa spp.) 
ad libitum. Artificial spring water had a pH of 6.8, dissolved oxygen of 6.1 mg/L, and specific 
conductance of 174.4 S/cm. 
 
Insecticides 
Three organophosphate (chlorpyrifos, malathion, and terbufos) and three pyrethroid 
(esfenvalerate, -cyhalothrin, and permethrin) insecticides were selected for this study. With the 
exception of terbufos, all of these chemicals have been used extensively over at least the past two 
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decades in this region (Stone 2013; Thelin & Stone 2013). We generated 150 simulated annual 
peak EEC values in ponds for each pesticide based on the manufacturer’s recommended 
application rate, the physicochemical properties of the pesticide (acquired from the University of 
Hertfordshire’s Pesticide Properties DataBase; 2013), and local abiotic conditions using the US 
EPA SWCC software (v1.106) and standard EPA scenarios for corn production in five US states 
(Illinois, Mississippi, North Carolina, Ohio, and Pennsylvania). Corn was used for all exposure 
scenarios to reduce variation associated with application recommendations for other crops and 
because applications for corn were included for each insecticide formula. The range of EEC 
values and the parameters used to calculate them are reported in Table B1.  
We selected pesticide concentration ranges that included both the range of EECs and known 
LC50 concentrations for closely-related species and/or similar pesticides where data were 
available in the US EPA’s ECOTOX database (US EPA, 2014b). No toxicity data for 
Procambarus alleni were available in the ECOTOX database for any of the six insecticides used. 
However, toxicity data were available for other species of Procambarus. Toxicity data for these 
taxa are summarized in Table B2. No effect of malathion concentrations ranging from 130 to 460 
g/L was observed on B. flumineum mortality in mesocosm trials (Relyea & Hoverman 2008). 
No other toxicity data were available for B. flumineum in the Ecotox database. However, 24-h 
LC50 concentrations of 15 and 60 g/L were reported for an unidentified Belostoma spp. exposed 
to chlorpyrifos and parathion, respectively. 
Technical-grade insecticides were used for all trials (purity > 98%; Chemservice, West 
Chester, PA, USA). Actual chemical concentrations applied to the replicates were confirmed 
using ELISA test kits for detection of organophosphates and pyrethroids (Abraxis, LLC, 
Warminster, PA, USA). ELISA assays were calibrated by using standards of known 
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concentration for each insecticide. For any nominal concentrations below the limit of detection 
for the kit, we confirmed the concentration of the stock solution used for serial dilutions. 
 
Experimental design 
We used a static, nonrenewal (no water changes) dose-response design with 5 concentrations 
of each insecticide (Table B3), solvent (0.0625 mL/L acetone), and water controls, and 5 
replicates of each concentration and control. The B. flumineum trials included 10 replicates of 
each control. Each replicate consisted of one individual Procambarus alleni or Belostoma 
flumineum in a 500mL glass jars filled with 400mL ASW. Each individual was fed physid snails 
ad libitum (snails were replaced as they were consumed). Observations were made at 3, 12, and 
24 h after pesticide application and daily thereafter for a total of 10 days. Procambarus alleni 
trials were conducted from 22 August 2012 to 1 September 2012, and B. flumineum trials were 
conducted from 20 September 2012 to 30 September 2012. 
 
Data analysis 
Dose-response curves and estimation of LC50 values were performed using package “drc” 
(Ritz & Streibig 2005) in R statistical software (R Core Team 2013). We used the two parameter 
logistic model to estimate 96-h and 10-d LC50 values and used bootstrapping to determine the 
95% confidence intervals around each LC50 value. In cases for which the bootstrapping method 
in package “drc” gave confidence interval estimates that did not include the estimated LC50 
value, 95% confidence intervals were instead approximated using the variance of the estimate in 
package “drc” and back-transformed from the log scale used for concentrations (Ritz & Streibig 
2005). We determined the proportion of simulated EEC values that exceeded the US EPA’s level 
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of concern (0.5∙LC50) for each LC50 estimate in addition to its lower and upper 95% confidence 
limits. 
Survival analysis was performed using the Cox proportional hazard model in package 
“survival” (Therneau 2013) in R. To explore differences in survival that could be attributed to 
either chemical class or the individual chemicals, we ran a mixed-effects Cox model using 
package “coxme” (Therneau 2012) in R. To account for variation in absolute toxicity and 
estimated environmental exposure among chemicals, we converted all concentrations to toxic 
units (TUs) using SPEAR Calculator software (v0.8.1; Department System Ecotoxicology – 
Helmholtz Centre for Environmental Research (UFZ), 2014). Because the range of toxic units 
for each insecticide did not always overlap (e.g., malathion TUs were up to 5x greater than the 
highest TU for permethrin) numerical estimation results fitted poorly. Therefore, we added 
simulated dead individuals at similarly high concentrations for other chemicals. In all such cases, 
100% mortality was observed at concentrations orders of magnitude below these simulated 
higher concentrations. We used standardized chemical concentration as a fixed effect with 
random intercepts for individual chemicals (esfenvalerate, -cyhalothrin, etc.) nested within 
insecticide class (organophosphate or pyrethroid). Coefficients of the random effects were 
extracted from the model to assess the contribution of each chemical and class to overall 
mortality risk. 
 
Results 
Toxicity data for Procambarus spp. from the US EPA’s Ecotox database were generally 
consistent with observed toxicities to P. alleni (Tables 2.1, B2). Reported 96-h LC50 toxicities for 
P. clarkii exposed to -cyhalothrin, permethrin, chlorpyrifos, and malathion were all within the 
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95% confidence intervals for the observed 96-h LC50 values for P. alleni in this experiment. 
Terbufos was reported to be more toxic to P. clarkii than P. alleni, although reported toxicity to 
an unidentified Procambarus species was similar to that of P. alleni. Likewise, chlorpyrifos was 
reported to be more toxic to P. acutus and an unidentified Procambarus species than to P. alleni. 
Conversely, P. blandingii exposed to permethrin in a flow-through experimental design was 
much more resistant to permethrin exposure than was P. alleni in this experiment (Tables 2.1, 
B2). Chlorpyrifos toxicity was greater for an unidentified Belostoma spp. in a 24-h trial than was 
observed for B. flumineum over 96-h in this experiment (Table 2.1; USEPA, 2014b). 
Simulated environmental exposure scenarios indicated generally consistent patterns of 
environmental risk associated with insecticides of the same class (Table 2.1). Organophosphate 
exposures generated consistently few EECs above the US EPA level of concern of half the LC50 
for both P. alleni and B. flumineum (Table 2.1; Figs. 2.1, 2.2), with the exception of 10-d 
crayfish mortality after exposure to chlorpyrifos (Table 2.1). Alternatively, the majority of all 
pyrethroid exposure scenarios were above the level of concern for P. alleni (Table 2.1; Fig. 2.1). 
Only -cyhalothrin presented consistently high-risk exposure scenarios for B. flumineum, while 
the high degree of uncertainty in the 96-h LC50 estimate for permethrin rendered risk assessment 
impractical (Table 2.1; Fig. 2.2). 
Cox mixed-effects models indicated that insecticide class accounted for 55.7% and 91.1% of 
the variance in mortality during the trials for P. alleni and B. flumineum, respectively (Tables B4, 
B5). When accounting for concentration, pyrethroid insecticides were more toxic than 
organophosphates, accounting for, on average, 342% and 47% increases (relative to 
organophosphates) in the probability of mortality for P. alleni and B. flumineum, respectively. 
Individual insecticides accounted for 44.3% of the variance in mortality during P. alleni trials. 
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Examination of the random effects coefficients suggests that the variation accounted for by 
individual insecticides was largely driven by malathion presenting a very low risk to P. alleni 
(Table B4). 
Pyrethroid concentrations increased risk of mortality per unit increase in concentration more 
rapidly than did organophosphates (Table 2.2). In addition, time to death after insecticide 
exposure was longer for B. flumineum than for P. alleni (Figs. B1, B2). Mean time to death was 
less than 96-h for P. alleni exposed to concentrations of esfenvalerate ≥ 0.26 g/L, -cyhalothrin 
≥ 0.28 g/L, permethrin ≥ 2.84 g/L, chlorpyrifos ≥ 32 g/L and terbufos ≥ 17 g/L (Fig. B1). 
Only one individual P. alleni exposed to the highest concentration of malathion died in less than 
96-h. Mean time to death was less than 96-h for B. flumineum exposed to concentrations of 
esfenvalerate ≥ 2.6 g/L, -cyhalothrin ≥ 1.4 g/L, chlorpyrifos ≥ 64 g/L, malathion ≥ 13,013 
g/L, and terbufos ≥ 171 g/L (Fig. B2). Mean time to death for B. flumineum exposed to 5.68 
g/L permethrin was 192.1-h (± 32.1 SE). 
 
Discussion 
Our results suggest that relative environmental risks among insecticides to aquatic 
invertebrates can be predicted based on chemical class and/or mode of action. Likely 
environmental exposures to organophosphates rarely approached levels of concern for either 
Procambarus alleni or Belostoma flumineum. In contrast, all three pyrethroid insecticides posed 
consistently high-risk to P. alleni, but not B. flumineum. Thus, under similar exposure scenarios, 
pyrethroid insecticides generally posed a greater risk to these aquatic invertebrates than did 
organophosphate insecticides. Additionally, toxicity of organophosphates and pyrethroids to 
Procambarus alleni was generally consistent with toxicity levels previously reported for P. 
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clarkii and other Procambarus species, suggesting that sensitivity to these contaminants is 
conserved among crayfish species, at least within the genus (Tables 2.1, B2). These results 
support recent evidence that both phylogeny and the physico-chemical properties of pesticides 
can be used to predict the responses of untested species-pesticide pairs (Guénard et al. 2014). 
Cox mixed-effects survival analysis indicated that a significant proportion of variation in 
crayfish survival during our trials could be attributed to differences among individual 
insecticides. However, examination of the random effects coefficients suggests that this might 
largely be explained by low mortality associated with exposure to malathion. In particular, 
because malathion has been heavily used in peninsular Florida for at least the last two decades 
(Stone 2013) and is approved for mosquito control with applications directly onto water bodies, 
it is possible that local populations of P. alleni and B. flumineum have undergone selection for 
malathion resistance, as evidenced by the very low toxicity of malathion in this study. While 
malathion resistance for either species has not been documented, insecticide resistance has been 
identified in hundreds of arthropod species (Roush & McKenzie 1987) and mechanisms of 
resistance to insecticides are becoming increasingly well understood (Taylor & Feyereisen 
1996). However, despite the relative lack of toxicity of malathion to macroarthropods in this 
study, malathion concentrations of 101 g/L were sufficient to significantly alter zooplankton 
community composition and ecosystem properties in mesocosms seeded with organisms from 
the same area as the current study (Halstead et al. 2014). Likewise, malathion has been observed 
to have lethal and sublethal effects on a variety of other aquatic organisms (Relyea & Diecks 
2008; Rohr et al. 2008a; Verbruggen & van den Brink 2010; USEPA 2014b). 
Toxicity of organophosphates or pyrethroids to Belostoma flumineum has not been 
previously reported. In general, B. flumineum was less sensitive to insecticides than P. alleni. 
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Furthermore, there was less variation in mortality of B. flumineum exposed to insecticides within 
the same class than was observed for P. alleni. While the mechanisms behind this pattern remain 
equivocal, it might be driven by physiological differences in the mechanisms by which these 
phylogenetically distinct species respond to toxins. Anatomical differences between these 
species might also mediate exposure to aquatic contaminants. For example, B. flumineum acquire 
oxygen for respiration from trapped air bubbles taken above the surface of the water (Severin & 
Severin 1911) whereas crayfish obtain dissolved oxygen directly from the water through their 
gills (Larimer & Gold 1961).  
The loss of macroarthropods in wetlands has the potential to alter ecosystem functions by 
removing important functional groups (Wallace & Webster 1996). As predators, crayfish and 
giant water bugs have important functions and indirect effects on aquatic communities (Dorn & 
Wojdak 2004; Wojdak 2005). In particular, both crayfish and giant water bugs consume  and 
thus probably regulate snail population sizes (Wojdak 2005; Halstead et al. 2014; Hoverman et 
al. 2014; Sokolow et al. 2014).  Top-down regulation of snails from macroarthropod predators 
can indirectly mediate the effects that these herbivores have on ecosystem properties in aquatic 
habitats (Wojdak 2005) and might even affect disease risk given that increases in snail densities 
have been demonstrated to increase the prevalence and intensity of trematode infections 
transmitted by snails to humans and wildlife (Picquet et al. 1996; Rohr et al. 2008b). In fact, 
native prawns (Macrobrachium vollenhovenii) and non-native crayfish (Procambarus clarkii) 
have been identified as promising biocontrol agents to reduce human trematode diseases 
transmitted by snails (Hofkin & Hofinger 1992; Mkoji et al. 1999; Sokolow et al. 2014). 
Identifying insecticides that pose low risk to important functional groups in wetlands, such as 
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macroarthropods, should help to enhance food production without compromising ecosystem 
function and human health. 
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Tables 
Table 2.1. 96-h and 10-d LC50 values (g/L) for Procambarus alleni and Belostoma flumineum exposed to multiple concentrations of 
three pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) and three organophosphate (chlorpyrifos, malathion, and terbufos) 
insecticides. The second column for each endpoint reports the proportion out of 150 annual peak estimated environmental 
concentrations (EEC) calculated from the US EPA Surface Water Contamination Calculator (v1.106) that exceeded the US EPA risk 
quotient threshold of one-half the estimated LC50. 
 
  96-h endpoint  10-d endpoint 
Species Chemical LC50 (95% C.I.) EECs > 0.5∙LC50  LC50 (95% C.I.) EECs > 0.5∙LC50 
P. alleni Esfenvalerate 0.22 (0.14 – 0.26) 0.97 (0.93 – 0.98)  0.22 (0.14 – 0.26) 0.97 (0.93 – 0.98) 
P. alleni -cyhalothrin 0.21 (0.14 – 0.28)b 1.00 (0.99 – 1.00)  0.21 (0.14 – 0.28)b 1.00 (0.99 – 1.00) 
P. alleni Permethrin 0.58 (0.54 – 1.39) 0.99 (0.83 – 0.99)  0.58 (0.54 – 1.39) 0.99 (0.83 – 0.99) 
P. alleni Chlorpyrifos 29.3 (19.2 – 32.9) 0.05 (0.01 – 0.19)  6.26 (5.12 – 7.66)c 0.87 (0.77 – 0.91) 
P. alleni Malathiona 48,936 (14,984 – 159,822)c 0.00 (0.00 – 0.00)  32,935 (12,738 – 85,157)c 0.00 (0.00 – 0.00) 
P. alleni Terbufos 8.89 (7.77 – 12.8) 0.22 (0.13 – 0.24)  8.89 (7.77 – 12.8) 0.22 (0.13 – 0.24) 
B. flumineum Esfenvalerate 1.62 (0.88 – 3.00) 0.03 (0.00 – 0.33)  1.31 (0.36 – 4.71)c 0.12 (0.00 – 0.86) 
B. flumineum -cyhalothrin 0.25 (0.14 – 0.43)c 0.99 (0.99 – 1.00)  0.25 (0.08 – 0.82)c 0.99 (0.87 – 1.00) 
B. flumineum Permethrin 6.85 (2.64 – 17.8)c 0.09 (0.00 – 0.57)  3.10 (0.96 – 10.0)c 0.46 (0.01 – 0.94) 
B. flumineum Chlorpyrifos 37.0 (24.3 – 56.5)c 0.01 (0.00 – 0.10)  18.9 (9.06 – 39.3)c 0.20 (0.01 – 0.67) 
B. flumineum Malathion 2,695 (1,544 – 7,558) 0.00 (0.00 – 0.00)  2,058 (598 – 7,090)c 0.00 (0.00 – 0.00) 
B. flumineum Terbufos 74.3 (18.8 – 117) 0.00 (0.00 – 0.09)  39.4 (11.8 – 132)c 0.01 (0.00 – 0.14) 
a – The logistic model performed poorly because of low mortality, so a probit model was used instead.  
b – All treatments exhibited either 0% or 100% mortality, so the 95% confidence interval is defined by the consecutive concentrations 
for which 0% and 100% mortality occurred. 
c – The bootstrap method could not be computed in package “drc”, so the 95% confidence interval was approximated using the 
variance estimate and back-transformed from the log scale used to transform concentrations. 
48 
 
Table 2.2. Cox survival analysis for Procambarus alleni and Belostoma flumineum exposed to multiple concentrations of three 
pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) and three organophosphate (chlorpyrifos, malathion, and terbufos) 
insecticides for ten days. Positive coefficients (coef) indicate a greater probability of mortality during the study per unit increase in 
concentration. The hazard ratio is the exponent of the coefficient and indicates the probability of an increase in mortality for every 1 
g/L increase in concentration. For example, the hazard ratio of 1.097 for P. alleni exposed to esfenvalerate indicates that every 1 
g/L increase in esfenvalerate increases the probability of mortality during the study increases by 9.7%. The 95% confidence intervals 
are provided for the hazard ratio. 
 
Species Chemical 2 P coef SE exp(coef) 95% CI 
P. alleni Esfenvalerate 12.17 <0.001 0.092 0.024 1.097 (1.046 – 1.150) 
P. alleni -cyhalothrin 24.58 <0.001 1.283 0.251 3.609 (2.206 – 5.905) 
P. alleni Permethrin 33.93 <0.001 1.007 0.224 2.738 (1.766 – 4.244) 
P. alleni Chlorpyrifos 30.62 <0.001 0.073 0.015 1.076 (1.045 – 1.107) 
P. alleni Malathion 8.17 0.004 <0.001 0.683 1.001 (0.263 – 3.813) 
P. alleni Terbufos 24.58 <0.001 0.026 0.006 1.027 (1.015 – 1.039) 
B. flumineum Esfenvalerate 21.78 <0.001 0.158 0.036 1.171 (1.091 – 1.256) 
B. flumineum -cyhalothrin 19.60 <0.001 1.035 0.218 2.816 (1.837 – 4.318) 
B. flumineum Permethrin 2.88 0.090 0.195 0.106 1.215 (0.988 – 1.495) 
B. flumineum Chlorpyrifos 24.84 <0.001 0.068 0.014 1.070 (1.041 – 1.100) 
B. flumineum Malathion 39.12 <0.001 <0.001 <0.001 1.000 (1.000 – 1.000) 
B. flumineum Terbufos 24.12 <0.001 0.028 0.007 1.028 (1.015 – 1.042) 
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Figures  
 
Figure 2.1. 96-h dose-response curves for Procambarus alleni exposed to multiple concentrations of three 
pyrethroid (a-c) and three organophosphate (d-f) insecticides. The horizontal line represents the 95% confidence 
interval around the LC50 estimate with the estimate itself as the point where the confidence interval intersects the 
curve. The shaded areas represent concentrations above the US EPA’s level of concern of 0.5∙LC50 (medium gray) 
for acute high risk to aquatic organisms. The light gray and dark gray regions represent the area of concern 
calculated from the lower and upper 95% confidence limits of the LC50 estimate, respectively. The dashed curves 
give the kernel density estimates from 150 simulated annual peak environmental concentrations (EECs) in ponds 
determined from the US EPA Surface Water Contamination Calculator (SWCC) for each insecticide. Thus, those 
portions of the curve within the shaded areas of each plot indicate simulated peak EECs above the US EPA’s level 
of concern. The open and black triangles along the x-axes indicate the median and maximum EECs, respectively, 
from the SWCC simulations.  
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Figure 2.2. 96-h dose-response curves for Belostoma flumineum exposed to multiple concentrations of three 
pyrethroid (a-c) and three organophosphate (d-f) insecticides. The horizontal line represents the 95% confidence 
interval around the LC50 estimate with the estimate itself as the point where the confidence interval intersects the 
curve. The shaded areas represent concentrations above the US EPA’s level of concern of 0.5∙LC50 (medium gray) 
for acute high risk to aquatic organisms. The light gray and dark gray regions represent the area of concern 
calculated from the lower and upper 95% confidence limits of the LC50 estimate, respectively. The dashed curves 
give the kernel density estimates from 150 simulated annual peak environmental concentrations (EECs) in ponds 
determined from the US EPA Surface Water Contamination Calculator (SWCC) for each insecticide. Thus, those 
portions of the curve within the shaded areas of each plot indicate simulated peak EECs above the US EPA’s level 
of concern. The open and black triangles along the x-axes indicate the median and maximum EECs, respectively, 
from the SWCC simulations. 
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CHAPTER THREE:  
AGROCHEMICAL POLLUTION INCREASES DENSITIES OF 
SCHISTOSOMIASIS-INFECTED SNAILS 
 
Authors5 
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Abstract 
Increased agricultural production to meet the demands of growing human populations is 
predicted to increase agrochemical use 2- to 4-fold by 2050. Agricultural activities have been 
linked to increased rates of schistosomiasis, the most important water-based disease of humans 
from a global health perspective. We examined the potential for agrochemical pollution to 
increase the density of infected snail hosts that produce the free-swimming cercarial stage in the 
schistosome life cycle that infects humans through direct contact in water. Top-down and 
bottom-up effects of insecticide, herbicide, and fertilizer exposure indirectly increased snail 
                                                          
5 Author contributions: J.R.R. conceived the experiment. N.T.H. and J.R.R. designed the experiment. S.A.J. 
provided field and laboratory facilities. N.T.H., T.A.M., K.P., T.R.R., and J.R.R. conducted the experiment. K.P. 
determined infection status of snails. N.T.H. conducted the statistical analyses. N.T.H. and J.R.R. wrote the 
manuscript. 
 
6 Author affiliations: 
a University of South Florida, Department of Integrative Biology, Tampa, FL 33620  
b University of Florida, Department of Wildlife Ecology and Conservation, Gainesville, FL 32611 
c Oakland University, Biology Department, Rochester, MI 48309 
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densities, individually and as mixtures. Agrochemical exposure and snail density together 
accounted for 88% of the variation in the density of infected snails. Thus, agrochemical pollution 
has great potential to increase human exposure to schistosome cercariae. Identifying practices or 
agrochemicals that minimize this risk is critical to sustainably improve human health in 
schistosome-endemic regions. 
 
Main Text 
Global human population is increasing and is expected to reach approximately 9 billion 
people by 2050 (Tilman et al. 2001; UN FAO 2006). To feed these 9 billion people, estimates 
suggest that world agricultural production will need to double by 2050, primarily through 
increases in agricultural intensification and extensification in developing countries (Tilman et al. 
2001; UN FAO 2006; De Schutter 2010). Fertilizer use is expected to increase two- to four-fold 
by 2050, and pesticide production is estimated to increase anywhere from two to five times the 
level  at the turn of the century (Tilman et al. 2001). However, fertilizer and pesticide use have 
contributed to decreases in water quality and increased eutrophication, in addition to potential 
human health risks (Pimentel et al. 1992; Blair & Zahm 1995; Tilman et al. 2001; Horrigan et al. 
2002). Pesticide use has also been linked to regional decreases in stream invertebrate richness in 
Europe and Australia, even at concentrations deemed environmentally safe by the European 
Union (Beketov et al. 2013). Thus, the indirect landscape-level effects of agricultural pollution 
remain relatively poorly understood. 
Although direct effects of agrochemical pollution on aquatic populations and communities 
have been identified (Carpenter et al. 1998; Brock et al. 2000a, 2000b), indirect effects are more 
common and complex than direct effects (Fleeger et al. 2003; Relyea & Hoverman 2006; Rohr et 
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al. 2006). Density-mediated indirect effects from pesticides may alter top-down regulation of 
aquatic food webs by directly reducing the abundance of consumers, or by bottom-up regulation 
in the case of increased primary productivity via nitrogen and phosphorus inputs from fertilizers. 
While there are many examples of experiments that have quantified direct and indirect effects of 
individual agricultural chemicals on aquatic communities, mixtures of agrochemicals are more 
commonly detected in natural wetlands (Hayes et al. 2006; Relyea 2009). A recent study 
suggests that the responses of communities to mixtures of agrochemicals are predictable by 
integrating knowledge on the direct effects of chemicals on important functional groups, their 
recovery rates, and interactions with other functional groups (Halstead et al. 2014). 
In addition to decreases in regional species richness, agrochemical pollution has been linked 
to increased exposure and susceptibility of anurans to trematode parasites (Kiesecker 2002; Rohr 
et al. 2008). Digenean trematodes have complex life cycles that include mollusk intermediate 
hosts and usually vertebrate definitive hosts. Both field and experimental data have identified 
that agrochemicals in isolation or as mixtures can indirectly increase densities of snail 
intermediate hosts of trematodes, and thus exposure of other hosts to trematode cercariae (Rohr 
et al. 2008; Halstead et al. 2014). Schistosomiasis is a human disease caused by several species 
of trematodes in which humans contract infections by direct contact with cercariae in water 
bodies. The primary drug to treat schistosomiasis, praziquantel, does not prevent re-infection 
from future exposure to cercariae after treatment. Thus, elimination of schistosomiasis 
throughout most of its geographic extent has proven difficult. From a global-health perspective, 
schistosomiasis is the most important water-based disease, with an estimated 779 million people 
at risk of infection (Steinmann et al. 2006). It remains the second most economically debilitating 
parasitic disease (behind malaria) in the developing world and has been identified as a neglected 
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disease in terms of research funding relative to socioeconomic impact (May 2007; Moran et al. 
2009). Because much of the projected increases in agricultural intensity are expected to occur in 
schistosome-endemic areas, the potential for agrochemical pollution to alter risk of human 
schistosomiasis needs to be evaluated. 
To address this issue, we created simulated freshwater pond communities consisting of two 
snail predators (Procambarus alleni and Belostoma flumineum), three snail species 
(Biomphalaria glabrata [the intermediate host of S. mansoni], Bulinus truncatus [the 
intermediate host of S. haematobium], and Haitia cubensis), zooplankton, and algal communities 
in 60 1200-L cattle tanks filled with 800-L of water. Agrochemical treatments (the herbicide 
atrazine [102 g/L], the insecticide chlorpyrifos [64 g/L], and fertilizer [4400 g/L N; 440 g/L 
P] individually and in all possible combinations, and water and solvent [0.0625 mL/L acetone] 
controls) were applied to mesocosms in five replicate spatial blocks. Mature S. mansoni and S. 
haematobium eggs collected from infected Siberian hamsters were added to each tank during the 
third, fourth, and fifth weeks after chemical exposure. Tanks were monitored for ten weeks post 
chemical exposure before ending the experiment and quantifying final snail and predator 
densities, and assessing snail infection status. 
Both top-down and bottom-up effects indirectly contributed to increases in infected snail 
densities through changes in snail density (Figs. 3.1a, 3.2; Tables C1, C2). Chlorpyrifos 
eliminated macroarthropod predators of snails (Fig. 3.1b), indirectly increasing snail density 
(Fig. 3.1c). Both fertilizer and atrazine increased snail density (Fig. 3.1d) through increased algal 
productivity (Fig. 3.1e). The combined effects of agrochemicals accounted for 95.9% of the 
variation in overall snail density in the path model (Fig. 3.1a). Snail density was a positive 
predictor of the number of infected snails in each tank (coef ±se = 0.0045 ± 0.0007; P < 0.001; 
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Fig. 3.2), accounting for 92.1% of the variation in predicted infections when controlling for 
variability associated with spatial block and agrochemical treatments. There was no evidence of 
direct effects of agrochemicals on either the number of infected snails independent of snail 
density (Table C2), or infection prevalence (Table C3), and agrochemicals had no direct effects 
on schistosome egg viability in toxicity trials (Table C4). Hence, our results suggest that the 
effects of agrochemicals on trematode disease dynamics are indirectly mediated through their 
respective effects on the biological community. In fact, the indirect effects of agrochemical 
exposures on snail density and the direct link between snail density and infected snails (given 
consistent exposure to miracidia across treatments) together accounted for 88.4% of the variation 
in infected snail density in this experiment.   
Top-down regulation of snails by macroarthropod predators, particularly crayfish, was much 
stronger than observed bottom-up effects. Decapod crustaceans have been identified as potential 
biocontrol agents for reducing populations of Biomphalaria spp. and Bulinus spp. (Hofkin & 
Hofinger 1992; Savaya Alkalay et al. 2014; Sokolow et al. 2014) and field trials using the non-
native crayfish Procambarus clarkii reduced S. haematobium infection rates in Kenyan children 
(Mkoji et al. 1999). Thus, it is important to limit insecticide run-off where macroarthropods are 
important regulators of snail densities in schistosome-endemic regions. Furthermore, insecticide 
pollution has been associated with decreased regional species pools of aquatic 
macroinvertebrates in Europe and Australia (Beketov et al. 2013). Richness of invertebrate 
predators of cercariae was the strongest predictor of trematode infection intensity in frogs in 18 
Minnesota wetlands (Rohr et al. 2015). Because insecticides are also likely to reduce cercarial 
predators (Beketov et al. 2008, 2013; Rohr et al. 2015), the net effects of insecticide pollution on 
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schistosome cercarial densities, and, therefore, human exposure, may be even greater than 
predicted solely by the indirect effects on snail density. 
The observed algal dynamics are consistent with previous research (Rohr et al. 2008). 
Fertilizer increased phytoplankton density (chlorophyll a) and photosynthetic efficiency, and 
increased periphyton density, but photosynthetic efficiency of periphyton was reduced in 
fertilizer treatments. However, phytoplankton density was a negative predictor of light 
availability in the water column (coef ±se = -334 ± 166; P = 0.0451), and decreased light 
availability is therefore likely to reduce the photosynthetic efficiency of periphyton. Conversely, 
atrazine decreased phytoplankton chlorophyll a and photosynthetic efficiency. Thus, although 
atrazine negatively impacted periphyton chlorophyll a, photosynthetic efficiency of periphyton 
increased in the presence of atrazine because more light was available for photosynthesis, and a 
positive interaction between the joint presence of atrazine and fertilizer in mixtures increased 
periphyton density substantially (Table C1; Fig. C2). The lack of complex refugia for snails in 
the mesocosms may have artificially decreased the apparent strength of bottom-up effects on 
snail densities relative to top-down regulation by predators. However, cercarial predator richness 
was a better predictor of trematode infection intensity in frogs, although atrazine remained a 
significant positive predictor, suggesting that top-down effects are relatively more important than 
bottom-up effects in natural systems, at least for predicting infection intensities in non-snail hosts 
(Rohr et al. 2008, 2015). 
The demonstrated impacts of agrochemicals highlight the importance of considering potential 
non-target effects of agricultural intensification on aquatic communities. While large-scale 
impacts of dam-building and surface irrigation associated with water resources development 
contribute significantly to increases in human schistosomiasis by providing more habitat for snail 
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intermediate hosts (Steinmann et al. 2006) and eliminating native snail predators (Savaya 
Alkalay et al. 2014), we identified further impacts of agriculture, specifically the role of 
agrochemicals in deregulating the natural control of snail populations, that may exacerbate these 
effects. Certainly, agricultural production needs to increase to meet the food demands of growing 
populations in schistosome-endemic countries. Considering that the socioeconomic impacts of 
schistosomiasis are second only to malaria in many of these countries (Steinmann et al. 2006; 
May 2007; Moran et al. 2009), mitigating the potential for adverse indirect effects of agriculture 
is of particularly high importance. Sufficiently large vegetated buffers around wetlands in 
agricultural landscapes can greatly reduce the potential for agrochemical pollution. However, 
surface irrigation canals within a matrix of agricultural fields present particularly high-risk 
habitats for human exposure to schistosome cercariae (Steinmann et al. 2006). The high 
probability of agrochemical pollution in irrigation canals suggest that they are especially prone to 
harboring high snail densities. Thus, identifying pesticides or classes of pesticides that can 
improve food production without initiating the trophic cascades that increase snail densities is 
critical. 
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Figures 
 
Figure 3.1. Combined factor and path analysis (A) demonstrating top-down effects of chlorpyrifos increasing 
predator mortality (B) and snail density (C) and bottom-up effects of atrazine and fertilizer increasing snail density 
(D) through increased algal productivity (E). Size of arrows in panel A is scaled to the standardized coefficient (top 
number next to each arrow). P-values for paths in the model are reported below each standardized coefficient. Boxes 
represent exogenous predictor variables, circles represent latent variables, the hexagon indicates that algal 
production was measured as a composite variable. Indicator variables for latent and composite variables have been 
omitted from the figure to reduce visual complexity, but are reported in Table C1. Dashed arrows from atrazine and 
fertilizer to algal productivity lack coefficients and P-values because algal productivity was measured as a composite 
variable consisting of three latent variables (periphyton photosynthetic efficiency, periphyton chlorophyll a, 
(measured as F0) and phytoplankton chlorophyll a and photosynthetic efficiency) with unique responses to atrazine 
and fertilizer. Details of the effects of fertilizer and atrazine on algal latent variables are provided in Table C1. Panel 
E represents the net main effects of fertilizer and atrazine presence on composite algal productivity. Axes on panels 
B-E are derived from latent variable scores for each replicate and thus have no units of measurement.  
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Figure 3.2. Predicted number of infected snails as a function of live snails, accounting for variation associated with 
spatial block and agrochemical predictors. The response shown is the predicted value from the full model using a 
zero-inflated negative binomial distribution for the response, restricted to tanks where live snails were present. 
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CHAPTER FOUR: 
CRAYFISH SENSITIVITY TO INSECTICIDES PREDICTS THE DENSITY OF 
SNAIL HOSTS THAT CAN TRANSMIT PARASITES THAT CAUSE 
HUMAN SCHISTOSOMIASIS 
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Abstract 
Schistosomiasis is a critically important, yet neglected, water-borne tropical disease of 
humans that remains second only to malaria in its socioeconomic impact throughout much of its 
range. Increased prevalence and expansion of schistosomiasis over the past several decades has 
been associated with dam-building and surface irrigation for agricultural and economic 
development. Invertebrate predators are important regulators of the densities of snail 
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intermediate hosts of schistosome parasites and therefore might also mediate human exposure to 
the free-swimming cercarial stage of the schistosome life cycle. The sensitivity of invertebrate 
predators of snails to insecticide exposure in standard laboratory toxicity trials is well-predicted 
by the chemical class of the insecticide, but the indirect effects on disease dynamics are less well 
understood. We used a freshwater mesocosm experiment to determine the community-level 
effects of exposure to six insecticides belonging to two chemical classes (the organophosphates 
chlorpyrifos, malathion, and terbufos, and the pyrethroids esfenvalerate, -cyhalothrin, and 
permethrin) to 1) determine if direct and indirect effects of insecticide exposure under natural 
conditions can be predicted by insecticide presence/absence, insecticide class, or individual 
insecticide, and 2) identify candidate insecticides that pose low risk of increasing snail densities 
under realistic exposure scenarios. As predicted, variation in snail densities among treatments 
was best predicted by crayfish densities, with no evidence of any effects of insecticide exposure 
on snail density independent of the direct effects of insecticides on crayfish survival. Initial 
crayfish survival closely matched that of standard laboratory toxicity tests at similar 
concentrations for each insecticide. Bottom-up effects of periphyton resources for snails were 
positively associated with snail densities, but, consistent with previous research, these effects 
were less strong than top-down effects. Finally, snail density at the end of the experiment was the 
best predictor of the density of infected snails in each replicate. Thus, loss of invertebrate snail 
predators after insecticide exposure is a potential threat for increasing human exposure to 
schistosomes. However, identification of insecticides with low toxicity to invertebrate predators, 
such as malathion, provide promise for minimizing the negative indirect costs of agrochemical 
pollution. 
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Introduction 
Schistosomiasis is a critically important water-borne disease, with an estimated 779 million 
people at risk globally (Steinmann et al. 2006). Schistosomiasis is second only to malaria in 
socioeconomic impact in tropical countries, yet it remains a neglected tropical disease in terms of 
research funding (May 2007; Moran et al. 2009). The global distribution of schistosomes is 
determined by the geographic ranges of their respective snail intermediate hosts (Biomphalaria 
spp. for Schistosoma mansoni, Bulinus spp. for S. haematobium, and Oncomelania spp. for S. 
japonicum; (Gryseels et al. 2006; Steinmann et al. 2006). Increased prevalence and expansion of 
schistosomiasis to non-endemic areas over the past several decades has been linked to increased 
snail habitat and loss of native snail predators resulting from the development of dams and 
associated irrigation systems to enhance agriculture (Huang & Manderson 1992; Steinmann et al. 
2006; Savaya Alkalay et al. 2014). Furthermore, incidence of schistosome infections in humans 
are highly localized (Gryseels et al. 2006) and respond rapidly to changes in local ecological 
factors (Huang & Manderson 1992), emphasizing the importance of local ecology in infection 
dynamics.  
In addition to increasing snail habitat, recent evidence suggests that agrochemical pollution 
has strong potential to indirectly increase densities of snail hosts. Both fertilizers (directly) and 
herbicides (indirectly) can increase algal resources for snails (Rohr et al. 2008b; Halstead et al. 
2014), and have been linked to increased trematode infection intensities in frogs in agricultural 
wetlands. Mesocosms experiments suggest that snail densities might be even more strongly 
regulated by top-down control from invertebrate predators than bottom-up effects on algal 
resources. However, both seem to be important as combined top-down and bottom-up effects 
from agrochemical mixtures can drastically increase snail densities (Halstead et al., 2014; 
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Chapter 3). Consistent with experimental data, rates of schistosomiasis increased in the Senegal 
River basin after the construction of the Diama Dam that caused regional declines of native 
prawns (Macrobrachium spp.) above the dam (Savaya Alkalay et al. 2014), which are the 
dominant predators locally. Furthermore, invertebrate predators of trematode cercariae are also 
important regulators of trematode infection intensity in wildlife (Rohr et al. 2015). Thus, while 
efforts to eradicate the snail intermediate hosts of schistosomiasis have been largely ineffective 
(Gryseels et al. 2006; Steinmann et al. 2006), reduction in snail and cercarial densities through 
control efforts that reintroduce and maintain high invertebrate predator density and richness may 
prove particularly effective at reducing transmission to humans (Hofkin & Hofinger 1992; Mkoji 
et al. 1999; Savaya Alkalay et al. 2014; Sokolow et al. 2014).  
Though agriculture has been linked to increased prevalence and intensity of schistosome 
infections, agricultural expansion and intensification are expected to increase agrochemical use 
two- to five-fold over the next few decades to meet the nutritional demands of growing human 
populations, particularly in sub-Saharan Africa and southeast Asia (Tilman et al. 2001, 2011; 
Foley et al. 2011). Thus, it is critical to identify cultivation practices or specific agrochemicals 
that minimize the potential to indirectly increase snail or cercarial densities. Toxicity tests of 
invertebrate snail predators exposed to insecticides suggest that environmental risks can largely 
be predicted by chemical class or mode-of-action (Halstead et al. in press; Guénard et al. 2014). 
Pyrethroid insecticides were identified as more likely to occur at concentrations harmful to snail 
predators than organophosphate insecticides. Similarly, individual pesticides within a class can 
vary in their risk to nontarget invertebrates, with malathion presenting lower risk to crayfish and 
giant water bugs than other organophosphate insecticides (Halstead et al. in press). Sensitivity to 
pesticides can also be predicted by the phylogenetic relationships among organisms in addition 
67 
 
to chemical similarities among contaminants (Guénard et al. 2011, 2014), suggesting that 
relative risk assessments can be predicted for untested exposure scenarios as new pesticides are 
developed and approved for use. 
Despite the promise of recent advances in predicting toxicity of pesticides in standard 
laboratory trials, the net effects of insecticides can differ significantly in natural communities 
where individuals do not exist in isolation. Non-target organisms in aquatic communities might 
alter the effects of pesticides by changing abiotic parameters that affect insecticide toxicity 
and/or persistence (Hand et al. 2001; Leistra et al. 2004; Brogan & Relyea 2014). Alternatively, 
community-level responses to contaminants can be mediated by interactions with other members 
of the community. For example, submerged aquatic vegetation decreases the toxicity of 
malathion by increasing pH and degradation of malathion into non-toxic breakdown products 
(Brogan and Relyea, 2014). Likewise, the strength of top-down regulation can be mediated by 
the presence of submerged aquatic vegetation which can either decrease rates of predation by 
providing refugia for prey or increase access of predators to prey (Davis et al. 2012). Thus, the 
presence of submerged aquatic vegetation can alter both the direct effects of insecticides on 
invertebrate predators and the indirect effects of potential changes in predator density on other 
members of the community. 
We simulated natural freshwater pond communities to determine if the toxicity of 
insecticides to invertebrate predators in isolation is consistent with toxicity under more realistic 
exposure scenarios, and if these direct effects on predator mortality result in predictable changes 
in the densities and infection prevalence of snail hosts of schistosomiasis. We examined the 
effects of six insecticides belonging to two chemical classes (the organophosphates chlorpyrifos, 
malathion, and terbufos, and the pyrethroids esfenvalerate, -cyhalothrin, and permethrin) to 
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determine if community-level responses to insecticide exposures can be predicted by chemical 
structure or mode-of-action, and to identify potential insecticides that can minimize the risk of 
indirectly increasing human exposure to schistosome cercariae in agricultural wetlands. 
 
Methods 
 
Experimental design 
We established simulated freshwater ponds in 40 800 L mesocosms filled with 500 L of 
water (mean pH = 9.09) at a facility approximately 20 miles southeast of Tampa, FL, USA. Tap 
water in mesocosms was allowed to age for 48 hours before being seeded with algae (periphyton 
and phytoplankton) and zooplankton collected from local ponds. Algal and zooplankton 
communities were allowed to establish over a four week period and water between tanks was 
mixed weekly to attempt to homogenize initial communities before application of agrochemical 
treatments. Plastic containers with sediment (1 L play sand and 1 L organic topsoil (The Scotts 
Company, Marysville, OH, USA)) and five rooted shoots of Hydrilla verticillata were added to 
each tank on 5 July 2011. Immediately prior to application of agrochemical treatments on 11 July 
2011 (Week 0), snails (21 Bi. glabrata (NMRI strain), and 12 Bu. truncatus (Egyptian strain), 
provided by NIAID Schistosomiasis Resource Center) and snail predators (2 juvenile crayfish 
(Procambarus alleni), 8 giant water bugs (7 Belostoma flumineum and 3 Lethocerus sp.) 
collected from local ponds) were added to each tank. The mesocosm experiment was approved 
under USF Instititutional Biosafety Committee Study number 0971 (Appendix E). 
Tanks were randomly assigned to one of eight treatments (six insecticides at their respective 
EEC, solvent control (0.0625 mL/L acetone), and water control) in five replicated spatial blocks. 
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Water and solvent controls were used to ensure that any observed effects of insecticides could 
not be prescribed to the presence of solvent. All pesticides were dissolved in acetone and applied 
at their respective estimated peak environmental concentrations (Table 4.1). EEC values were 
determined using the USEPA’s GENEEC (v2.0, USEPA, Washington, D.C.) software, 
manufacturers’ label application recommendations, and the physicochemical properties of each 
pesticide (Table 4.1).  
Technical-grade insecticides were used for all treatements (purity > 98%; Chemservice, West 
Chester, PA, USA). Actual concentrations of chemicals applied to the replicates were confirmed 
using ELISA test kits for detection of organophosphates and pyrethroids (Abraxis, LLC, 
Warminster, PA, USA). ELISA assays were calibrated by using standards of known 
concentration for each insecticide. For any nominal concentrations below the limit of detection 
for the kit, we confirmed the concentration of the stock solution used for serial dilutions. 
 
Snail infections 
Schistosoma mansoni (NMRI strain) and S. haematobium (Egyptian strain) eggs were 
collected from infected Swiss-Webster mice and Siberian hamsters, respectively, housed at the 
University of South Florida’s College of Medicine Vivarium. Infected rodents were provided by 
the NIAID Schistosomiasis Resource Center. Five infected mice and hamsters each were 
euthanatized on dates (30 August 2011, 1 September 2011, and 6 September 2010), and S. 
mansoni and S. haematobium eggs were collected from the livers and intestines, respectively. 
Eggs were isolated from tissue using a handheld immersion blender and collected on a 45-m 
sieve. Mature eggs were maintained in a 1.4% NaCl solution to inhibit hatching. Eggs were 
suspended repeatedly using a vortex mixer (Fisher Scientific) and forty 3 mL aliquots were 
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prepared for each schistosome species and added to the tanks within two hours of collection. An 
additional three aliquots were preserved to quantify the total number of eggs added to each tank. 
Egg viability was quantified by placing subsamples of the remaining mature eggs in artificial 
spring water (Cohen & Neimark 1980) and observing the proportion of hatched miracidia within 
one hour. Collection of schistosome eggs from infected mice and hamsters was approved by 
animal care and use committee protocols T 3829 and R 3517 at the University of South Florida 
(Appendix D). 
 
Data collection 
Periphyton measurements were recorded from 100 cm2 clay tiles suspended vertically 15 cm 
from the bottom of each tank (approximately 20 cm below the water’s surface), facing south 
along the northern wall of each tank. Five clay tiles were added to each tank when they were 
initially filled with water on 10 June 2010. Algal samples were collected immediately prior to 
agrochemical addition (Week 0) and at 1, 2, 4, 6, 8, and 12 weeks post-application. New clay 
tiles were added to each tank after the first two sampling periods to be used for the last two 
periphyton samples. Phytoplankton and periphyton chlorophyll a and photosynthetic efficiency 
(measured as F0 and QY, respectively), were measured from samples stored in darkness for 1 h, 
using a handheld fluorometer (Z985 Cuvette AquaPen, Qubit Systems Inc., Kingston, Ontario, 
Canada). Temperature and light levels were quantified on the same dates as algal sampling by 
suspending a data logger (HOBO Pendant UA-002-64, Onset Computer Corporation, Bourne, 
MA, USA) 20 cm below the water surface for 30 minutes in each replicate within a spatial block 
near midday. Loggers were rinsed in tap water after the 30 minute data collection period for each 
block before being transferred to the next spatial block. 
71 
 
Snail egg masses and snail hatchling density were estimated using two 15 x 30 cm pieces of 
Plexiglass placed in each tank; one suspended vertically 10 cm from the bottom of each tank and 
one resting horizontally along the tank bottom. Snail egg masses and hatchlings were quantified 
from each sampler at weeks 1, 2, 4, 6, 8, and 12. Visual searches for dead P. alleni and B. 
flumineum occurred 24 and 48 hours after insecticide addition, and upon each snail sampling 
session. Twelve weeks (31 September 2011) after agrochemical addition, pool shock was added 
to each tank to kill any infective schistosome cercariae and tanks were subsequently drained. All 
snails and macroinvertebrates were collected and preserved in formalin for quantification in the 
lab. Snails were transferred to 70% ethanol one week after fixation in formalin to prevent 
degradation to their shells. Snail infection status was determined by cracking each snail’s shell 
and observing the hepatopancreas and gonads under a dissecting microscope. 
 
Data analysis 
Responses were analyzed using generalized linear mixed models with random effects of 
individual chemicals nested within insecticide class (control, organophosphate, or pyrethroid) 
nested within insecticide presence or absence, fixed effects of spatial block, and gaussian error 
distributions for the log+1 transformed response variables. Variance partitioning using mixed 
effects determines which of the levels of the insecticide treatments contribute the most to the 
observed variability in the response data. For example, if the response to insecticide exposure is 
the same regardless of individual chemical or insecticide class, and insecticide exposure is 
different than controls, the majority of variation in the response will be attributed to insecticide 
exposure with little variation attributed to class or chemical. Likewise, if individual chemicals 
vary in their effects, they may account for the majority of the observed variation with little 
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variability attributed to either class and/or insecticide presence. We extracted the random effect 
coefficients for each chemical treatment, class, and insecticide presence/absence to determine 
how the responses varied at each level, when properly controlling for the hierarchically-nested 
structure of the treatments. Package glmmADMB (Skaug et al. 2014) was used for these mixed 
effects analyses in R statistical software (R Core Team, 2013). 
Structural equation modeling was used to explore combined causal pathways of pesticide 
mixtures using the lavaan package (Rosseel 2012) in R statistical software (R Core Team, 2013). 
Because a sample size of 40 tanks restricted the number of causal pathways we could infer, we 
first constructed latent variables for phytoplankton production (F0 and QY) early (weeks 0-4) and 
late (weeks 6-12) in the experiment, periphyton chlorophyll a (F0) early (weeks 0-4) and late 
(weeks 6-12) in the experiment, and Hydrilla verticillata abundance throughout the experiment 
(weeks 1-12). Model comparison using AICc was performed to select the best latent variable 
model from alternative configurations of indicator variables. The scores for each latent variable 
model were then extracted using the predict function in lavaan and used for construction of a 
structural equation model that included snail response variables (number of egg masses on snail 
samplers from weeks 1-12, the number of hatchlings on snail samplers from weeks 2-12, and the 
number of live snails collected at the end of the experiment for each species) as indicators of a 
latent variable of snail density. 
 
Results 
Variation in P. alleni survival after 24h was largely accounted for by insecticide presence 
and individual chemical (12.4% and 14.9% of the variation, respectively), with very little 
variation in mortality attributed to insecticide class (<0.01%; Table 4.2; Fig. 4.1). Stochasticity 
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in P. alleni survival after initial pesticide exposures resulted in individual insecticides explaining 
a relatively greater proportion of variation in P. alleni densities at the end of the experiment 
(26.8% explained variation versus <0.01% for both insecticide presence/absence and insecticide 
class; Table 4.3; Fig. 4.2). Initial crayfish survival was the best predictor of crayfish density at 
the end of the experiment (coef ±se = 0.576 ± 0.139; P < 0.001), with the best model excluding 
random effects of insecticide treatments (AIC = 5.5). 
When ignoring crayfish density, individual chemical accounted for 17.3% and 19.3% of the 
variation in final densities of Biomphalaria glabrata and Bulinus truncatus, respectively, with 
little variation attributed to either insecticide class or insecticide presence (Tables 4.4, 4.5; Figs. 
4.3, 4.4).  However, the apparent effects of individual chemical disappeared when including final 
crayfish density as a predictor for both Bi. glabrata (log(crayfish density +1): coef ±se = -1.491 
± 0.585; P = 0.011) and Bu. truncatus (log(crayfish density +1): coef ±se = -2.112 ± 0.736; P = 
0.004; Tables 4.4, 4.5; Fig. 4.5), suggesting that the effects of insecticides on snail densities was 
mediated by the effect of the insecticides on the crayfish predators. Importantly, the number of 
infected Bi. glabrata was best predicted by the density of Bi. glabrata at the end of the 
experiment (log(Bi. glabrata +1): coef ±se = 0.152 ± 0.064; P = 0.018) with no direct effects of 
insecticide treatments or crayfish density (Table 4.6; Fig. 4.6) on infection prevalence. 
Structural equation modeling reflected these relationships, with the most parsimonious model 
including direct effects of insecticide exposure on 24-h crayfish survival, which in turn 
accounted for much of the variation in overall crayfish survival. Final crayfish density reduced 
both snail density and Hydrilla verticillata abundance, which were positively correlated. Finally, 
periphyton production also significantly increased snail density (Table 4.7; Fig. 4.7).  
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Discussion 
The indirect effects of insecticide pollution have strong potential to influence human 
exposure to schistosome cercariae by increasing the density of snail intermediate hosts of 
schistosomiasis. Consistent with previous work, snail density was a strong predictor of the 
density of infected snails (and likely cercarial density) when controlling for miracidial exposure. 
Identifying alternative insecticides that pose low toxicity to snail predators under natural 
conditions is critical to maximizing the benefits of agricultural intensification while minimizing 
indirect costs on human health. The results of our mesocosm trials demonstrate that standard 
acute toxicity trials in the laboratory were good predictors of mortality under more natural 
conditions. Furthermore, the strong similarities in relative toxicities of similar chemicals and 
sensitivities of phylogenetically similar organisms suggest that untested combinations of 
insecticides and organisms might be generally well predicted. 
Initial mortality of P. alleni for each insecticide was similar to mortality observed in 96 h 
laboratory trials at similar concentrations (Halstead et al. in press). Malathion was the only 
insecticide that was applied at concentrations well below the reported LC50 values from 
laboratory trials and had the highest survival of all insecticides. -cyhalothrin was applied at a 
concentration within the 95% confidence interval for the 96h LC50 for P. alleni (Halstead et al. in 
press). All other insecticides were applied at concentrations for which observed 96h mortality in 
isolation was 100% (Halstead et al. in press). Submerged photoautotrophs have been linked to 
reduced toxicity of pH-sensitive insecticides in natural systems. Active photosynthesis increases 
daytime pH, which can lead to more rapid hydrolysis of some insecticides, notably malathion 
and -cyhalothrin (Leistra et al. 2004; Brogan & Relyea 2014). Chlorpyrifos and esfenvalerate 
are also exhibit pH-sensitive hydrolysis (University of Hertfordshire 2013; Table 4.1), but were 
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likely applied at sufficiently high concentrations (2x and 10x their respective 96h LC50 
estimates) to preclude any increased degradation from mitigating acute toxicity to P. alleni. It 
remains to be determined how much the effects of pH might influence insecticide toxicity under 
lower exposure concentration scenarios for these chemicals. In addition, highly hydrophobic 
insecticides like pyrethroids can be rapidly removed from the water column by adsorption to 
submerged macrophytes. Initial removal of -cyhalothrin concentrations from the water column 
occurred more rapidly with higher densities of macrophytes, although the indirect effect of 
photosynthesis on pH was estimated to be more important in reducing concentration (Hand et al. 
2001; Leistra et al. 2004) . 
Top-down effects from predation by crayfish was a strong predictor of snail density, 
consistent with previous work (Chapter 3). However, variability in snail densities was greater 
than observed in previous experiments, even after accounting for crayfish density. Much of this 
variation can likely be attributed to lower initial and final densities of P. alleni in this 
experiment. With only two individuals per replicate, any stochastic mortality of an individual 
crayfish would have a relatively greater impact on predation pressure than if crayfish abundance 
was greater. In addition, the presence of H. verticillata in the tank provided an alternative 
resource for crayfish (Lodge et al. 1994) and provided potential refugia and increased resource 
availability for snails (Brönmark 1989). Crayfish of the genera Procambarus and Oronectes have 
been associated with declines in both submerged macrophyte and snail densities (Lodge et al. 
1994; Rodríguez et al. 2003). Reductions in macrophyte densities by crayfish occurs through 
both consumptive and non-consumptive removal of plant biomass (Lodge et al. 1994; Rodríguez 
et al. 2003) while reductions in snail densities are primarily consumptive (Hobbs, III et al. 1989). 
Periphyton-grazing snails often exhibit positive relationships with submerged macrophytes, as 
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observed in this experiment. In addition to providing potential refugia from predators, 
macrophytes provide increased surface area for epiphytic periphyton growth, and grazing of 
epiphytes by snails can, in turn, increase macrophyte growth through several mechanisms 
(Brönmark 1989; Underwood 1991; Lodge et al. 1994; Verhoeven et al. 2012). 
The importance of other functional groups in mediating the indirect effects of contaminants 
on aquatic ecosystems underscores the need to include these relationships when assessing 
environmental risk of contaminants. This becomes even more critical when assessing the risk of 
contaminant mixtures. The combined indirect effects of multiple contaminants can either 
mitigate or exacerbate the predicted effects of a single-contaminant scenario (Halstead et al. 
2014). Changes in both the biotic and abiotic components of a community can influence the 
resilience to stressors. For example, increases or decreases in pH that might result from 
eutrophication or herbicide exposure can have important consequences for pH-sensitive 
insecticide toxicity. Likewise, decreases in species richness could eliminate important functional 
redundancies that can alleviate reductions in functionally-important sensitive species (Hooper et 
al. 2005). The extent to which changes in biodiversity and abiotic conditions might mediate the 
indirect effects of contaminants (either individually or as mixtures) on the densities of 
Biomphalaria spp. and Bulinus spp. in natural conditions warrants further study. Nevertheless, 
our results suggest that knowledge of insecticide toxicity to invertebrate snail predators can 
significantly improve management strategies to minimize the potential negative effects of 
insecticide exposure on human schistosomiasis risk. 
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Tables 
Table 4.1. Parameters for calculation of estimated peak environmental concentrations (EECs) for each insecticide. 
 
 Organophosphates  Pyrethroids 
 Chlorpyrifos Malathion Terbufos  Esfenvalerate -cyaholthrin Permethrin 
Trade name 
Lorsban 
Advanced 
Cheminova 
Malathion 57 
Counter 
15G 
 Asana XL 
Warrior II 
w/Zeon Tech. 
Ambush 
Crop Corn Corn Corn  Corn Corn Corn 
Rate (pounds of active 
ingredients/acre) 
1 1 1.305  0.05 0.03 0.25 
Number of applications 3 2 1  10 16 8 
Times between applications 10 5 -  3 4 5 
koc 6070 1800 500  5300 157000 39300 
Soil half-life (days) 111.1 20.9 25.8  81.6 62.4 36.6 
Wetted application? No No No  No No No 
Application method 
Ground 
spray 
Ground 
spray 
Granular 
(surface) 
 
Ground 
spray 
Ground 
spray 
Ground 
spray 
Low/high boom (high = 20-50" 
above crop) 
High High High  High High High 
Spray Quality Medium Medium Medium  Medium Medium Medium 
No spray zone (feet) 25 0 66  25 25 25 
Depth of incorporation (in.)   1.2     
Solubility (mg/L) 2 125 4.5  0.3 0.005 0.006 
Aquatic half-life (days) 29a 21a 3.5  21a 15a 4.6 
Hydrolysis half-life (days) 78d 6 15.4   0 3597 
Photolysis half-life (days) 28d     45 71 
Peak EEC (g/L) 64 101 171  2.00 0.26 4.14 
Actual concentration (g/L) NAb 62.9 110  2.55c 0.28c 5.68c 
a – pH-sensitive half-life (shorter at higher pH); lambda – Stable pH 5.2 and pH 6.9, DT50 ~7 days at pH 9 
b – Absorbances of diluted samples for chlorpyrifos were outside range of standard solutions in ELISA assay, so nominal concentrations were used for analyses 
c – Nominal concentration below detection limit of ELISA assay, so actual concentration was determined from stock solution 
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Table 4.2. Variance components from the linear mixed-effects analysis of 24 h Procambarus 
alleni exposed to three pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) and three 
organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. 
 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a 0.214 0.046 0.124 
Class <0.001 <0.001 <0.001 
Chemical 0.234 0.055 0.149 
Residual 0.518 0.268 0.727 
 
Table 4.3. Variance components from the linear mixed-effects analysis of 12-week survival of 
Procambarus alleni exposed to three pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) 
and three organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. 
 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a <0.001 <0.001 <0.001 
Class <0.001 <0.001 <0.001 
Chemical 0.313 0.098 0.268 
Residual 0.516 0.267 0.732 
 
Table 4.4. Variance components from two linear mixed-effects models of Biomphalaria glabrata 
density in tanks exposed to three pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) and 
three organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. The first model 
excludes Procambarus alleni density as a fixed predictor of snail density, while the second 
model includes P. alleni as a predictor. Both models included fixed effects of spatial block as 
predictors. 
 
Excluding crayfish density as a predictor 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a <0.001 <0.001 <0.001 
Class <0.001 <0.001 <0.001 
Chemical 0.567 0.321 0.173 
Residual 1.240 1.538 0.827 
Including crayfish density as a predictor 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a <0.001 <0.001 <0.001 
Class <0.001 <0.001 <0.001 
Chemical <0.001 <0.001 <0.001 
Residual 1.233 1.521 1.000 
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Table 4.5. Variance components from two linear mixed-effects models of Bulinus truncatus 
density in tanks exposed to three pyrethroid (esfenvalerate, -cyhalothrin, and permethrin) and 
three organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. The first model 
excludes Procambarus alleni density as a fixed predictor of snail density, while the second 
model includes P. alleni as a predictor. Both models included fixed effects of spatial block as 
predictors. 
 
Excluding crayfish density as a predictor 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a <0.001 <0.001 <0.001 
Class <0.001 <0.001 <0.001 
Chemical 0.689 0.475 0.193 
Residual 1.409 1.985 0.807 
Including crayfish density as a predictor 
Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Insecticide p/a <0.001 <0.001 <0.001 
Class <0.001 <0.001 <0.001 
Chemical <0.001 <0.001 <0.001 
Residual 1.383 1.914 1.000 
 
Table 4.6. Results of generalized linear mixed model on density of infected Biomphalaria 
glabrata at the end of the experiment. The log number of infected snails per tank was modeled 
using a gaussian distribution with fixed effects of spatial block and log+1 Bi. glabrata density 
and the intercept set to 0. 
 
Term Coefficient Std. Error z-value P 
log Bi. glabrata density 0.152 0.064 2.36 0.018 
Block 1 0.051 0.312 0.16 0.870 
Block 2 -0.119 0.363 -0.33 0.744 
Block 3 0.673 0.333 2.02 0.043 
Block 4 -0.188 0.316 -0.59 0.552 
Block 5 -0.243 0.274 -0.89 0.375 
  
83 
 
Table 4.7. Results of the structural equation model conducted in the package lavaan in R 
revealing the relationships among agrochemical mixtures, predator density, algal productivity, 
and snail density. 
 
Latent variables Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Hydrilla abundance      
     Hydrilla (week 1) 1.000  0.035   
     Hydrilla (week 2) 18.034 77.417 0.248 0.233 0.816 
     Hydrilla (week 4) 12.974 58.957 0.863 0.220 0.826 
     Hydrilla (week 6) 21.765 98.891 0.970 0.220 0.826 
     Hydrilla (week 8) 23.459 106.596 0.911 0.220 0.826 
     Hydrilla (week 12) 21.538 97.878 0.851 0.220 0.826 
Periphyton (early)      
     F0 (week 0) 1.000  0.601   
     F0 (week 1) 1.204 0.241 0.571 5.001 <0.001 
     F0 (week 2) 1.504 0.463 0.841 3.248 0.001 
     F0 (week 4) 0.758 0.307 0.471 2.467 0.009 
Periphyton (late)      
     F0 (week 6) 1.000  0.500   
     F0 (week 8) 1.424 0.501 0.715 2.845 0.004 
     F0 (week 12) 1.521 0.545 0.833 2.793 0.005 
Phytoplankton (early)      
     F0 (week 0) 1.000  0.143   
     F0 (week 1) -1.407 1.791 -0.384 -0.786 0.432 
     F0 (week 2) -2.180 2.792 -0.365 -0.781 0.435 
     F0 (week 4) -1.521 1.953 -0.358 -0.779 0.436 
     QY (week 0) 0.187 0.224 0.110 0.833 0.405 
     QY (week 1) -1.476 1.799 -0.886 -0.820 0.412 
     QY (week 2) -0.121 0.223 -0.124 -0.544 0.586 
     QY (week 4) -0.235 0.353 -0.190 -0.666 0.505 
Phytoplankton (late)      
     F0 (week 6) 1.000  0.160   
     F0 (week 8) 2.149 2.275 0.407 0.945 0.345 
     F0 (week 12) 4.488 4.585 0.569 0.979 0.328 
     QY (week 6) 0.496 0.347 0.275 1.428 0.153 
     QY (week 8) 0.796 0.826 0.478 0.963 0.335 
     QY (week 12) 1.628 1.650 0.978 0.987 0.324 
Snail density      
     Bi. glabrata eggs 1.000    0.152 
     Bi. glabrata hatch. 0.070 0.064 0.304 1.097 0.273 
     Bi. glabrata end 0.035 0.014 0.294 2.541 0.011 
     Bu. truncatus eggs 0.576 0.041 0.391 13.916 <0.001 
     Bu. truncatus hatch. -0.098 0.093 -0.154 -1.050 0.294 
     Bu. truncatus end 0.041 0.017 0.264 2.345 0.019 
84 
 
Table 4.7 (continued) 
Covariances Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Hydrilla abundance      
  Hyd(wk 1)~Hyd(wk 2) 0.053 0.020 0.455 2.616 0.009 
  Hyd(wk 8)~Hyd(wk 12) 0.006 0.002 0.714 2.672 0.008 
Periphyton      
  F0(wk 0) ~ F0(wk 1) 0.004 0.001 0.686 3.198 0.001 
  F0(wk 1) ~ F0(wk 4) 0.002 0.001 0.243 2.232 0.026 
  F0(wk 4) ~ F0(wk 6) 0.004 0.001 0.600 3.132 0.002 
Phytoplankton      
  F0(wk 0) ~ QY(wk 0) 0.133 0.039 0.651 3.438 0.001 
  F0(wk 2) ~ QY(wk 2) 0.058 0.018 0.619 3.269 0.001 
  F0(wk 4) ~ QY(wk 4) 0.061 0.017 0.722 3.626 <0.001 
  F0(wk 6) ~ QY(wk 6) 0.079 0.021 0.728 3.710 <0.001 
  F0(wk 8) ~ QY(wk 8) 0.051 0.014 0.708 3.521 <0.001 
Snail density      
  Bi. glabrata end ~  
     Bu. truncatus end 
0.000 0.000 0.739 3.836 <0.001 
  Bi. glabrata hatch ~  
     Bu. truncatus hatch 
0.002 0.001 0.492 2.912 0.004 
  Bi. glabrata hatch ~  
     Bu. truncatus eggs 
-0.003 0.001 -2.216 -3.373 0.001 
  Bi. glabrata eggs ~  
     Bi. glabrata hatch 
-0.004 0.001 NaN -2.999 0.003 
Snail density ~  
  Hydrilla abundance 
0.000 0.000 0.000 2.542 0.011 
Snail density ~  
  Phytoplankton (late) 
0.003 0.001 0.003 2.648 0.008 
Phytoplankton (late) ~ 
Hydrilla abundance 
0.000 0.000 0.272 1.618 0.106 
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Table 4.7 (continued) 
Regressions Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
P. alleni (24h) ~     
  Insecticide p/a -0.537 0.136 -0.540 -3.953 <0.001 
P. alleni (week 12) ~     
  P. alleni (24h) 0.608 0.135 0.590 4.505 <0.001 
Periphyton (late) ~   
 
    
  Periphyton (early) 0.817 0.078 0.862 10.472 <0.001 
Phytoplankton (late) ~     
 
    
  Phytoplankton (early) -0.691 0.077 -0.774 -8.962 <0.001 
Hydrilla ~     
 
    
  P. alleni (week 12) -0.132 0.019 -0.729 -6.809 <0.001 
Snail density~   
  P. alleni (week 12) -1.550 0.366 0.977 -4.234 <0.001 
  Periphyton (late) 0.633 0.251 0.118 2.524 0.012 
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Figures 
 
 Figure 4.1. Observed P. alleni survival after 24 h (mean ± standard error; a-c) and random effect coefficients 
(controlling for the hierarchically-nested structure of treatments; d-f) from linear mixed models with random effects 
of insecticide presence/absence (a,d), insecticide class (nested in presence/absence; b,e), and individual insecticide 
(nested in class; c,f). The left column displays the observed variation in response at each level. The right column 
displays the random effect coefficients associated with each treatment at each of the hierarchically-nested levels, 
controlling for variation attributed to the other levels. For initial P. alleni survival, there was a strong negative effect 
of insecticide exposure (a,d), with no mortality observed in either control treatment (c). Likewise, there was 
significant variation in 24-h P. alleni survival among individual insecticides, with malathion and -cyhalothrin 
causing lower mortality than other insecticides (c,f). Thus, the apparent variation in initial survival associated with 
insecticide class (b), was accounted for by variation among individual insecticides (f) and insecticide 
presence/absence (d), with random effect coefficients for insecticide class not significantly different from zero (no 
effect of class; e; Table 4.2). Bars and points are shaded according to insecticide presence (a,d) and insecticide class 
(b-c, e-f). The horizontal line in panels d-f represents a coefficient value of 0 (no effect).  
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Figure 4.2. Observed P. alleni survival at the end of the experiment (mean ± standard error; a-c) and random effect 
coefficients (controlling for the hierarchically-nested structure of treatments; d-f) from linear mixed models with 
random effects of insecticide presence/absence (a,d), insecticide class (nested in presence/absence; b,e), and 
individual insecticide (nested in class; c,f). The left column displays the observed variation in response at each level. 
The right column displays the random effect coefficients associated with each treatment at each of the 
hierarchically-nested levels, controlling for variation attributed to the other levels. The majority of variation in P. 
alleni survival to the end of the experiment was attributed to the effects of individual chemicals, with malathion and 
-cyhalothrin causing lower mortality than other insecticides and relatively high variability in survival within 
control treatments (c,f). Thus, the apparent variation in survival associated with insecticide presence/absence (a) and 
insecticide class (b), was accounted for by variation among individual insecticides (f), with random effect 
coefficients for insecticide presence and class not significantly different from zero (d,e; Table 4.3). Bars and points 
are shaded according to insecticide presence (a,d) and insecticide class (b-c, e-f). The horizontal line in panels d-f 
represents a coefficient value of 0 (no effect).  
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Figure 4.3. Observed Biomphalaria glabrata density at the end of the experiment (mean ± standard error; a-c) and 
random effect coefficients (controlling for the hierarchically-nested structure of treatments; d-f) from linear mixed 
models with random effects of insecticide presence/absence (a,d), insecticide class (nested in presence/absence; b,e), 
and individual insecticide (nested in class; c,f). The left column displays the observed variation in response at each 
level. The right column displays the random effect coefficients associated with each treatment at each of the 
hierarchically-nested levels, controlling for variation attributed to the other levels. The majority of variation in Bi. 
glabrata density at the end of the experiment was attributed to the effects of individual chemicals (c,f), and little 
variation associated with either insecticide presence or class (a-b,d-e; Table 4.4). However, the apparent effects of 
individual chemicals on Bi. glabrata density are better predicted by P. alleni density within each replicate rather 
than by any direct effect of chemical treatment (Fig. 4.5a). Mixed models that include a fixed effect of P. alleni 
density as a predictor result in random effect coefficients that overlap zero at all treatment levels (no direct effect of 
any treatment; Table 4.4). Bars and points are shaded according to insecticide presence (a,d) and insecticide class (b-
c, e-f). The horizontal line in panels d-f represents a coefficient value of 0 (no effect). 
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Figure 4.4. Observed Bulinus truncatus density at the end of the experiment (mean ± standard error; a-c) and random 
effect coefficients (controlling for the hierarchically-nested structure of treatments; d-f) from linear mixed models 
with random effects of insecticide presence/absence (a,d), insecticide class (nested in presence/absence; b,e), and 
individual insecticide (nested in class; c,f). The left column displays the observed variation in response at each level. 
The right column displays the random effect coefficients associated with each treatment at each of the 
hierarchically-nested levels, controlling for variation attributed to the other levels. The majority of variation in Bu. 
truncatus density at the end of the experiment was attributed to the effects of individual chemicals (c,f), and little 
variation associated with either insecticide presence or class (a-b,d-e; Table 4.5). However, the apparent effects of 
individual chemicals on Bu. truncatus density are better predicted by P. alleni density within each replicate rather 
than by any direct effect of chemical treatment (Fig. 4.5b). Mixed models that include a fixed effect of P. alleni 
density as a predictor result in random effect coefficients that overlap zero at all treatment levels (no direct effect of 
any treatment; Table 4.5). Bars and points are shaded according to insecticide presence (a,d) and insecticide class (b-
c, e-f). The horizontal line in panels d-f represents a coefficient value of 0 (no effect).  
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Figure 4.5. Biomphalaria glabrata (a) and Bulinus truncatus (b) densities as a function of crayfish survival to the 
end of the experiment. Points shown are predicted snail densities in each tank from a linear model with spatial block 
and crayfish density as predictors.  
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Figure 4.6. Predicted number of infected Biomphalaria glabrata as a function of Bi. glabrata density. Points shown 
are the fitted values from a linear model with spatial block and snail density (log+1) as predictors. Coefficients are 
reported in Table 6. 
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Figure 4.7. Combined factor and path analysis demonstrating top-down effects of insecticide exposure increasing 
24h predator mortality, which influenced final crayfish density. Final P. alleni density had negative effects on snail 
density (a latent variable consisting of eggs, hatchlings, and final counts of both Biomphalaria glabrata and Bulinus 
truncatus) and Hydrilla verticillata abundance. Periphyton density was also a positive predictor of snail density 
when accounting for top-down effects of P. alleni and correlations with H. verticillata and phytoplankton density. 
Size of arrows is scaled to the standardized coefficient (top number next to each arrow). P-values for paths in the 
model are reported below each standardized coefficient. Color of arrows indicates the direction of the relationship 
between variables (black = positive, red = negative). Boxes represent directly measured variables and circles 
represent latent variables. Indicator variables for latent variables have been omitted from the figure to reduce visual 
complexity, but are reported in Table 7.
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Appendix A: Supplementary Materials: Chapter One 
 
Supporting methods 
Mesocosm setup 
Water was aged for 24 hours before being seeded with algae and zooplankton collected from 
local ponds.  On the day of algal and zooplankton inoculations, we also added four vertically 
oriented clay tiles (100 cm2) to the bottom of each tank to allow later quantification of 
periphyton growth, two of which were inaccessible to herbivores. We added 300 g of leaf litter 
(predominantly Quercus virginiana) to each mesocosm to provide refugia and detritus for 
vertebrates and macroinvertebrates.  A pre-weighed packet of Q. virginiana leaf litter (5 g) 
enclosed in nylon screen was added to each tank to quantify leaf decomposition rates. Water was 
mixed weekly among the tanks during this three week establishment period to homogenize the 
algal and zooplankton communities before the addition of the agrochemical treatments.  
Immediately before the addition of the agrochemical treatments, each tank received two 
macrophyte (Hydrilla verticillata and Utricularia macrorhiza), four snail (Melanoides 
tuberculata, Planorbella scalaris, P. trivolvis, and V. georgianus), two tadpole (Osteopilus 
septentrionalis and Rana sphenocephala), and five macroarthropod species (Anax junius, 
Belostoma flumineum, Corixidae sp., P. alleni, and Ranatra sp.; initial abundances provided in 
Table A4). Macrophytes and P. scalaris generally established poorly in mesocosms and so were 
left out of most analyses. 
Phytoplankton samples were collected weekly 10 cm below the water surface from the center 
of the tank. Periphyton was scraped from clay tiles biweekly and suspended in 50 mL dH2O. 
Chlorophyll a (measured as F0) and photosynthetic efficiency (QY) of phytoplankton and 
periphyton were measured using a handheld fluorometer (Z985 Cuvette AquaPen, Qubit Systems 
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Inc., Kingston, Ontario, Canada) after algal samples were stored in darkness for 1 h.  
Zooplankton samples were collected biweekly from the entire water column by placing a PVC 
pipe (10 cm diameter, 60 cm height) upright in the center of each tank, capping the bottom, and 
pouring the water sample through 20 m Nitex mesh. Two zooplankton pipe samples were 
collected from each tank during each sampling period and the subsamples were combined and 
preserved in 70% ethanol. Zooplankton identity and abundance in each sample were determined 
by placing a 5 mL subsample in a zooplankton counting wheel (Wildlife Supply Company, 
Yulee, FL, USA) and examining it under a dissecting microscope. Temperature and light levels 
were quantified weekly by suspending data loggers (HOBO Pendant UA-002-64, Onset 
Computer Corporation, Bourne, MA, USA) 30 cm below the water surface for 30 minutes in 
each tank near midday. Dissolved oxygen, pH, and temperature were measured biweekly in each 
tank at both dawn and dusk. At the conclusion of the experiment, all tanks were drained through 
a kick net (800/900 m, 425-K11, Wildlife Supply Company, Yulee, FL, USA) to collect 
remaining organisms. All organisms were preserved in 70% ethanol. 
PERMANOVA analysis 
PERMANOVA is a non-parametric analogue to traditional ANOVA and MANOVA that 
allows for the use of non-Euclidean distance measures between samples (Anderson 2001a; 
McArdle & Anderson 2001; Anderson et al. 2008). We used a crossed design and a Type II sums 
of squares procedure to test for the main effects of each of the four agrochemicals, including a 
block effect, and all two-way interactions. The PERMANOVA routine calculates a pseudo-F 
statistic for each term in the model that is calculated identically to the traditional F statistic but 
has an unknown distribution when measures other than Euclidean distance are used. Significance 
of the pseudo-F statistic is therefore determined using appropriate permutation techniques 
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(Anderson 2001b; Anderson & ter Braak 2003; Anderson et al. 2008). We used 9999 random 
permutations to generate P-values. Statistically, the responses to mixtures might be either 
additive or interactive. If a response to a mixture of agrochemicals was either more or less than 
anticipated by the combined main effects of that pair, the interaction term between the two 
agrochemicals would be significant. Thus, a significant interaction term may indicate that a 
given community exposed to a mixture treatment was either more or less similar to the control 
treatment than expected. When interaction terms involving spatial block were not significant, 
they were pooled with the residual variation in the model. 
Like traditional ANOVA, PERMANOVA assumes that there is homogeneity of variance 
among treatments. We tested for differences in multivariate homogeneity of variance, using the 
PERMDISP routine in PRIMER-E (Anderson et al. 2008). We tested for homogeneity of the 
Bray-Curtis dissimilarity of each replicate from the treatment spatial median by generating an F-
statistic and comparing that to the known distribution of the F-statistic. 
Community-level analysis was restricted to all abundance measurements at the end of the 
experiment. We used Bray-Curtis similarity as the distance measure for the PERMANOVA and 
dbRDA analyses of the full community. Principle coordinates analysis was also performed as an 
unconstrained ordination to confirm that the dbRDA analysis was capturing the salient patterns 
in the data (Fig. A1). Analyses were also performed using Hellinger distance to determine if the 
effects of agrochemicals on the relative abundances of species were the same as those on 
absolute abundances; all patterns were similar, so we restricted the reported results to those on 
absolute abundance (Bray-Curtis similarity). When examining the responses of individual taxa to 
agrochemicals, we used the same crossed design, PERMANOVA analysis as for the full 
community, but on the Euclidean distance between tanks calculated separately for each taxon, 
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rendering these analyses equivalent to traditional univariate ANOVAs (Anderson et al. 2008). 
Individual algal and zooplankton responses over time were analyzed by including a time term to 
the above crossed design to account for repeated measures. 
 
Supporting tables 
Table A1. Initial abundances of organisms in each replicate 
 
Species Stage Quantity 
Amphibians 
  Osteopilus septentrionalis larvae 25 
Rana sphenocephala larvae 10 
   Gastropods 
  Melanoides tuberculata adults 20 
Planorbella scalaris adults 10 
Planorbella trivolvis adults 9 
Viviparus georgianus adults 10 
   Macroarthropods 
  Anax junius nymphs 2 
Belostoma flumineum adults 5 
Corixidae sp. adults 10 
Procambarus alleni juveniles 3 
Ranatra sp. adults 3 
   Macrophytes 
  Hydrilla verticillata - 250 g 
Utricularia macrorhiza - 250 g 
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Table A2. PERMANOVA analyses of individual species responses to agrochemical mixtures. 
Values given are F statistics followed by permutation-derived P-values in parentheses. All terms 
in the model have numerator df=1, except spatial block and any interaction term involving it 
where numerator df=3. Denominator degrees of freedom for the test of each response variable 
are indicated by superscripts as follows: *=63, †=127, ‡=255. 
 
Response 
variable Fe Fu He In Block Fe*Fu Fe*He Fe*In Fu*He Fu*In 
Rana 
sphenocephala* 
3.116 
(0.0774) 
7.584 
(0.0076) 
4.368 
(0.0434) 
0.001 
(0.9701) 
3.963 
(0.0118) 
2.368 
(0.1301) 
0.046 
(0.8352) 
2.019 
(0.1604) 
0.811 
(0.3821) 
0.028 
(0.8644) 
Osteopilus 
septentrionalis* 
0.101 
(0.7485) 
90.131 
(0.0001) 
1.369 
(0.2464) 
0.395 
(0.5379) 
2.734 
(0.0537) 
1.532 
(0.2252) 
0.789 
(0.3858) 
0.418 
(0.5295) 
0.152 
(0.6947) 
0.275 
(0.6060) 
Anax junius* 
1.148 
(0.2889) 
0.013 
(0.9107) 
5.660 
(0.0215) 
0.263 
(0.6128) 
6.836 
(0.0008) 
0.000 
(1.0000) 
3.935 
(0.0518) 
0.050 
(0.8243) 
0.291 
(0.5918) 
1.871 
(0.1846) 
Belostoma 
flumineum* 
0.032 
(0.8652) 
0.113 
(0.7362) 
0.509 
(0.4791) 
0.383 
(0.5358) 
1.549 
(0.2107) 
0.571 
(0.4524) 
0.412 
(0.5304) 
0.000 
(1.0000) 
0.003 
(0.9590) 
0.908 
(0.3397) 
Ranatra sp.* 
0.018 
(0.8988) 
0.128 
(0.7244) 
0.002 
(0.9716) 
2.851 
(0.1026) 
1.147 
(0.3423) 
0.001 
(0.9700) 
0.062 
(0.7999) 
1.180 
(0.2878) 
0.016 
(0.9010) 
2.124 
(0.1452) 
Procambarus 
alleni* 
26.706 
(0.0001) 
3.116 
(0.0831) 
20.022 
(0.0001) 
2.787 
(0.1012) 
0.823 
(0.5008) 
13.268 
(0.0009) 
12.094 
(0.0013) 
0.396 
(0.5296) 
0.027 
(0.8697) 
0.027 
(0.8706) 
Corixidae sp.* 
1.202 
(0.2696) 
3.379 
(0.0708) 
0.674 
(0.4137) 
0.442 
(0.5050) 
1.094 
(0.3539) 
0.070 
(0.7880) 
0.052 
(0.8208) 
0.010 
(0.9183) 
0.613 
(0.4349) 
0.204 
(0.6542) 
Planorbella 
trivolvis* 
10.052 
(0.0023) 
8.196 
(0.0067) 
4.979 
(0.0301) 
0.852 
(0.3553) 
0.070 
(0.9764) 
7.047 
(0.0117) 
20.964 
(0.0003) 
2.866 
(0.0974) 
0.592 
(0.4407) 
0.438 
(0.5115) 
Planorbella 
scalaris* 
2.777 
(0.0975) 
6.242 
(0.0132) 
0.106 
(0.7529) 
3.881 
(0.0536) 
0.490 
(0.7087) 
1.710 
(0.1976) 
0.282 
(0.5982) 
1.710 
(0.1943) 
0.120 
(0.7291) 
2.708 
(0.1057) 
Planorbella 
(total)* 
6.038 
(0.0184) 
11.233 
(0.0018) 
5.325 
(0.0255) 
0.098 
(0.7539) 
0.110 
(0.9527) 
7.575 
(0.0081) 
16.972 
(0.0002) 
3.433 
(0.0709) 
0.349 
(0.5502) 
0.951 
(0.3379) 
Viviparus 
georgianus* 
3.873 
(0.0569) 
58.216 
(0.0001) 
0.936 
(0.3413) 
2.270 
(0.1396) 
1.031 
(0.3883) 
7.037 
(0.0114) 
2.905 
(0.0960) 
0.005 
(0.9442) 
0.469 
(0.4988) 
7.537 
(0.0077) 
Melanoides 
tuberculata* 
0.119 
(0.7355) 
7.437 
(0.0074) 
2.495 
(0.1227) 
2.930 
(0.0892) 
0.893 
(0.4621) 
0.390 
(0.5385) 
0.526 
(0.4670) 
0.276 
(0.5920) 
1.906 
(0.1715) 
1.577 
(0.2161) 
Leaf litter* 
0.097 
(0.7589) 
12.264 
(0.0013) 
0.406 
(0.5331) 
0.029 
(0.8691) 
0.260 
(0.8524) 
0.144 
(0.7151) 
0.380 
(0.5389) 
0.251 
(0.6237) 
7.317 
(0.0093) 
2.121 
(0.1482) 
Copepod 
nauplii† 
2.236 
(0.1354) 
0.502 
(0.4812) 
0.431 
(0.4952) 
2.258 
(0.1366) 
1.596 
(0.2046) 
0.736 
(0.3927) 
0.201 
(0.6514) 
0.330 
(0.5664) 
0.038 
(0.8408) 
1.684 
(0.1913) 
Calanoidea 
spp.† 
0.108 
(0.7520) 
51.004 
(0.0001) 
0.640 
(0.4283) 
1.614 
(0.2066) 
2.012 
(0.1197) 
2.612 
(0.1066) 
0.290 
(0.5942) 
3.224 
(0.0737) 
0.174 
(0.7104) 
3.250 
(0.0776) 
Cyclopoidea 
spp.† 
0.555 
(0.4507) 
0.020 
(0.8934) 
0.025 
(0.8810) 
1.900 
(0.1746) 
1.053 
(0.3614) 
6.059 
(0.0174) 
0.287 
(0.5900) 
0.015 
(0.8994) 
0.902 
(0.3537) 
1.307 
(0.2601) 
Ceriodaphnia 
sp.† 
0.001 
(1.0000) 
0.160 
(0.6831) 
0.002 
(0.9643) 
19.379 
(0.0001) 
4.486 
(0.0067) 
6.952 
(0.0107) 
2.070 
(0.1470) 
5.276 
(0.0237) 
5.017 
(0.0291) 
1.607 
(0.2127) 
Diaphanosoma 
sp.† 
0.797 
(0.3733) 
2.600 
(0.0998) 
0.455 
(0.4926) 
0.445 
(0.4939) 
2.797 
(0.0422) 
1.260 
(0.2678) 
1.790 
(0.1864) 
4.940 
(0.0296) 
1.373 
(0.2483) 
0.193 
(0.6576) 
Periphyton F(0) 
- accessible† 
2.707 
(0.1046) 
4.832 
(0.0303) 
5.390 
(0.0201) 
2.760 
(0.0982) 
8.582 
(0.0001) 
4.297 
(0.0410) 
0.089 
(0.7626) 
6.589 
(0.0114) 
1.541 
(0.2708) 
13.097 
(0.0005) 
Periphyton F(0) 
- inaccessible† 
2.922 
(0.0926) 
5.713 
(0.0172) 
0.010 
(0.9235) 
0.722 
(0.4049) 
4.745 
(0.0045) 
0.450 
(0.5063) 
0.532 
(0.4662) 
1.159 
(0.2846) 
4.333 
(0.0389) 
0.769 
(0.3791) 
Phytoplankton 
F(0)‡ 
6.107 
(0.0701) 
32.293 
(0.0001) 
8.805 
(0.0039) 
1.541 
(0.3008) 
3.089 
(0.0264) 
0.561 
(0.4526) 
1.877 
(0.1730) 
1.239 
(0.3560) 
0.100 
(0.7542) 
0.717 
(0.5220) 
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Table A2 (continued) 
 
Response 
variable He*In Time Ti*Fe Ti*Fu Ti*He Ti*In Ti*Fe*Fu Ti*Fe*He Ti*Fe*In 
Rana 
sphenocephala* 
0.613 
(0.4411) 
        
Osteopilus 
septentrionalis* 
0.179 
(0.6779) 
        
Anax junius* 
3.890 
(0.0548) 
        
Belostoma 
flumineum* 
3.030 
(0.0867) 
        
Ranatra sp.* 
0.166 
(0.5026) 
        
Procambarus 
alleni* 
0.216 
(0.6407) 
        
Corixidae sp.* 
0.141 
(0.7028) 
        
Planorbella 
trivolvis* 
0.747 
(0.3972) 
        
Planorbella 
scalaris* 
1.475 
(0.2288) 
        
Planorbella 
(total)* 
0.538 
(0.4609) 
        
Viviparus 
georgianus* 
0.000 
(0.9843) 
        
Melanoides 
tuberculata* 
1.981 
(0.1632) 
        
Leaf litter* 
2.100 
(0.1552) 
        
Copepod 
nauplii† 
1.196 
(0.2772) 
1.019 
(0.4049) 
0.045 
(0.8306) 
2.600 
(0.1136) 
7.948 
(0.0059) 
0.438 
(0.5166) 
0.595 
(0.4411) 
3.888 
(0.0501) 
4.921 
(0.0311) 
Calanoidea 
spp.† 
4.889 
(0.0276) 
0.156 
(0.6779) 
0.002 
(0.9702) 
0.718 
(0.4033) 
1.329 
(0.2509) 
7.316 
(0.0091) 
5.332 
(0.0224) 
0.002 
(0.9706) 
0.243 
(0.6238) 
Cyclopoidea 
spp.† 
0.135 
(0.7125) 
4.183 
(0.0430) 
2.409 
(0.1181) 
0.210 
(0.6401) 
5.446 
(0.0236) 
0.268 
(0.6007) 
pooled pooled pooled 
Ceriodaphnia 
sp.† 
6.429 
(0.0145) 
0.308 
(0.5797) 
0.918 
(0.3416) 
0.222 
(0.6468) 
0.038 
(0.8481) 
5.099 
(0.0281) 
pooled pooled pooled 
Diaphanosoma 
sp.† 
7.768 
(0.0075) 
11.256 
(0.0013) 
0.413 
(0.5233) 
2.823 
(0.0924) 
2.494 
(0.1165) 
20.609 
(0.0001) 
pooled pooled pooled 
Periphyton F(0) 
- accessible† 
3.574 
(0.0623) 
4.695 
(0.1129) 
1.067 
(0.3003) 
0.380 
(0.5366) 
0.029 
(0.8616) 
0.427 
(0.5156) 
pooled pooled pooled 
Periphyton F(0) 
- inaccessible† 
0.104 
(0.7491) 
1.512 
(0.2200) 
0.005 
(0.9467) 
0.535 
(0.4661) 
1.150 
(0.2879) 
0.188 
(0.6681) 
pooled 
9.067 
(0.0031) 
pooled 
Phytoplankton 
F(0)‡ 
2.651 
(0.1063) 
17.202 
(0.0001) 
0.301 
(0.8290) 
1.135 
(0.3456) 
1.061 
(0.3676) 
1.989 
(0.1100) 
pooled 
3.261 
(0.0238) 
pooled 
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Table A2 (continued) 
 
Response 
variable Ti* Fu*He Ti*Fu*In Ti*He*In 
Copepod 
nauplii† 
0.366 
(0.5454) 
0.991 
(0.3219) 
2.289 
(0.1357) 
Calanoidea 
spp.† 
4.2987 
(0.0401) 
7.0331 
(0.0112) 
0.007 
(0.9341) 
Cyclopoidea 
spp.† 
pooled pooled pooled 
Ceriodaphnia 
sp.† 
0.146 
(0.7264) 
pooled pooled 
Diaphanosoma 
sp.† 
pooled pooled pooled 
Periphyton F(0) 
- accessible† 
pooled pooled pooled 
Periphyton F(0) 
- inaccessible† 
pooled pooled pooled 
Phytoplankton 
F(0)‡ 
pooled pooled pooled 
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Table A3. Pairwise tests of Bray-Curtis similarity between treatments (absolute abundance). 
 
Treatments       t P(perm) 
Water Solvent 0.9755 0.4591 
Fe 1x Fe 2x 1.0051 0.4158 
Fu 1x Fu 2x 1.3442 0.1813 
He 1x He 2x 1.5113 0.1121 
In 1x In 2x 1.3875 0.1960 
Control Fertilizer 1.1716 0.3404 
Control Fungicide 2.8284 0.0267 
Control Herbicide 1.0455 0.3632 
Control Insecticide 1.9938 0.0493 
Control Fe+Fu 1.4539 0.1033 
Control Fe+He 2.0776 0.0754 
Control Fe+In 0.9439 0.5937 
Control Fu+He 2.8767 0.0310 
Control Fu+In 2.9436 0.0291 
Control He+In 1.5729 0.1125 
Fertilizer Fungicide 2.3270 0.0541 
Fertilizer Herbicide 1.2187 0.2759 
Fertilizer Insecticide 1.6022 0.0742 
Fungicide Herbicide 2.9416 0.0304 
Fungicide Insecticide 3.5199 0.0302 
Herbicide Insecticide 1.4497 0.1159 
Fertilizer Fe+Fu 1.8004 0.0488 
Fertilizer Fe+He 1.9096 0.0499 
Fertilizer Fe+In 1.2363 0.2621 
Fungicide Fe+Fu 1.5065 0.1107 
Fungicide Fu+He 0.9738 0.4555 
Fungicide Fu+In 2.1907 0.0672 
Herbicide Fe+He 1.4661 0.1246 
Herbicide Fu+He 2.5781 0.0332 
Herbicide He+In 0.9531 0.4470 
Insecticide Fe+In 1.1392 0.2937 
Insecticide Fu+In 2.2847 0.0302 
Insecticide He+In 1.1310 0.2916 
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Table A4. Results of a path model conducted in the package lavaan in R revealing the 
relationships among agrochemical mixtures, algal herbivores and competitors, algae, and 
ecosystem properties. 
 
Regression Estimate Std.err 
Standardized 
estimate Z-value P(>|z|) 
Abundance of phytoplankton herbivores and competitors~     
  Spatial block -0.234 0.080 -0.264 -2.933 0.003 
  Fertilizer (Fe) 0.135 0.150 0.126 0.898 0.369 
  Herbicide (He) 0.191 0.103 0.179 1.858 0.063 
  Fungicide (Fu)  -0.010 0.150 -0.010 -0.069 0.945 
  Insecticide (In) 0.532 0.150 0.497 3.550 <0.001 
  Fe*Fu 0.332 0.124 0.335 2.682 0.007 
  Fe*In 0.286 0.124 0.288 2.311 0.021 
  Fu*In 0.475 0.124 0.478 3.833 <0.001 
              
Abundance of periphyton herbivores~         
  Crayfish biomass -1.077 0.240 -0.365 -4.478 <0.001 
  Block -0.096 0.051 -0.108 -1.890 0.059 
  Fertilizer 0.366 0.145 0.342 2.523 0.012 
  Herbicide 0.094 0.112 0.088 0.838 0.402 
  Fungicide -0.520 0.124 -0.485 -4.189 <0.001 
  Insecticide 0.240 0.099 0.224 2.425 0.015 
  Fe*He 0.224 0.092 0.226 2.442 0.015 
  Fe*Fu 0.189 0.095 0.190 1.981 0.048 
  Fe*In 0.117 0.082 0.118 1.423 0.155 
  He*Fu 0.094 0.083 0.095 1.128 0.259 
  He*In 0.177 0.082 0.179 2.157 0.031 
              
Phytoplankton abundance~           
  Phytoplankton herbivores -0.366 0.115 -0.366 -3.185 0.001 
  Block -0.223 0.096 -0.251 -2.324 0.020 
  Fertilizer 0.195 0.135 0.182 1.442 0.149 
  Herbicide 0.091 0.137 0.085 0.660 0.509 
  Insecticide -0.259 0.118 -0.242 -2.200 0.028 
  Fe*He 0.257 0.132 0.258 1.938 0.053 
              
Periphyton abundance~           
  Periphyton herbivores -0.364 0.116 -0.364 -3.137 0.002 
  Fertilizer 0.046 0.143 0.043 0.325 0.745 
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Table A4 (continued) 
  
Regression Estimate Std.err 
Standardized 
estimate Z-value P(>|z|) 
  Herbicide -0.137 0.138 -0.128 -0.994 0.320 
  Insecticide 0.266 0.162 0.248 1.638 0.101 
  Fe*In 0.234 0.136 0.235 1.715 0.086 
  He*In 0.245 0.137 0.247 1.792 0.073 
              
Ecosystem properties axis 1 (Dissolved oxygen, pH, decomposition)~   
  Phytoplankton -0.183 0.082 -0.193 -2.219 0.026 
  Periphyton -0.145 0.084 -0.152 -1.712 0.087 
  Fungicide -0.618 0.092 -0.608 -6.716 <0.001 
              
Ecosystem properties axis 2 (Light, temperature)~       
  Phytoplankton -0.145 0.067 -0.145 -2.173 0.030 
  Block 0.722 0.059 0.814 12.280 <0.001 
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Table A5. Parameters used for calculation of peak estimated environmental concentrations 
(EECs). 
 
GENEEC Parameter Atrazine Malathion Chlorothalonil 
Trade name Aatrex 
Fyfanon 
ULV 
Bravo 
Weather Stik 
Crop Corn 
Mosquito 
control Potato 
Rate (pounds of active ingredients/acre taken from 
specimen label) 2 6 1.25 
Number of applications 1 1 9 
Times between applications - - 5 
koc (use lowest) 100b 1248c 1380b 
Soil half-life (days) 300c 6d 90b 
Wetted application? No No Yes 
Application method 
Ground 
spraya 
Ground 
spraya Ground spraya 
Nozzle height (in.) 
20-50: 
EFEDa 
20-50: 
EFEDa 20-50: EFEDa 
Spray Quality 
fine: 
EFEDa 
fine: 
EFEDa fine: EFEDa 
No spray zone (feet) 0 0 0 
Depth of incorporation (0-6 inches) 0 0 0 
Solubility (mg/L) 33 130b 0.6b 
Aquatic half-life (days) - use longest 742d - 8.8d 
Hydrolysis half-life (days) - use longest - 147d 38d 
Photolysis half-life (days) - usually the longest 
number 335d - - 
Peak EEC (g/L) 102 101 164 
a Program default value 
   b http://extoxnet.orst.edu/ 
   c USDA 
   d Spectrum Laboratories Inc., http://www.speclab.com/ 
   
105 
 
Supporting figures  
  
Figure A1. Principle coordinates analysis (PCO) of community-level responses to agrochemical treatments showing 
A) vector overlays of predictor variables and B) vector overlays of species responses. Species abbreviations are Cal. 
= calanoid copepods, Cer. = Ceriodaphnia sp., Cor. = Corixidae sp., Cyc. = cyclopoid copepods, Dia. = 
Diaphanosoma sp., Lit. = percent leaf litter mass remaining, Ost. = Osteopilus septentrionalis, Phy. = phytoplankton 
F0, Pla. = Planorbella trivolvis, Pro. = Procambarus alleni.  
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Figure A2. Responses of algae to agrochemicals. Responses of phytoplankton chlorophyll a (means ± SEM) to 
fertilizer-only (solid black lines), biocide-only (A: fungicide; B: insecticide; C: herbicide; dashed lines), and 
respective pairwise mixtures (dotted lines) over time relative to detrended control treatments (line at zero). N=8 for 
all treatments, except mixture treatments where n = 4. Responses of periphyton chlorophyll a (means ± SEM) to 
fungicide (D) and herbicide (E) presence or absence. 
 
  
107 
 
 
Figure A3. Responses of zooplankton (means ± SEM) to fertilizer-only (solid black lines), biocide-only (A-B: 
fungicide; C-D: insecticide; dashed lines), and respective pairwise mixtures (dotted lines) over time relative to 
detrended control treatments (line at zero).  N=8 for all treatments, except mixture treatments where n = 4. 
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Figure A4. Interaction plots between fertilizer and biocides (A-B: fungicide; C-D: herbicide) for Viviparus 
georgianus and Planorbella trivolvis (means ± SEM). N=8 for all treatments, except mixture treatments where n = 
4. 
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Appendix B: Supplementary Material: Chapter Two 
Supporting tables 
Table B1. Parameters for and results of calculations of annual peak estimated environmental concentrations (EECs) in ponds for each 
insecticide using the United States Environmental Protection Agency (US EPA) Surface Water Contamination Calculator (SWCC). 
All pesticide properties were obtained from the University of Hertfordshire Pesticide Property Database (2013), except as noted. The 
US EPA SWCC calculates 30 years of estimated environmental concentrations using region-specific weather and soil data. We used 
standardized US EPA scenarios for growing corn from five states (Illinois, Mississippi, North Carolina, Ohio, and Pennsylvania), 
producing a total of 150 annual peak EEC estimates. Application rates were determined from manufacturer specimen labels from 
recommendations for application to corn. 
 
 
Organophosphates 
 
Pyrethroids 
 
Chlorpyrifos Malathion Terbufos 
 
Esfenvalerate -cyhalothrin Permethrin 
Sorption coefficient (koc; mL/g) 8151 1800 500 
 
251717 283707 100000 
Water column metabolism half-life (days) 36.5 0.4 -- 
 
56 15.1 40 
Water reference temperature (°C) 20 20 -- 
 
20 20 20 
Aqueous Photolysis Half-life (days) 29.6 98 4.5 
 
2 40 1 
Photolysis Reference Latitude (°) 40 40 40 
 
40 40 40 
Hydrolysis Half-life (days) 25.5 6.2 6.5 
 
428 0 31 
Surface Soil Half-life (days) 76 3a 5 
 
66.6 175 13 
Soil Reference Temperature (°C) 20 20 20 
 
20 20 20 
MWT (g/mol) 350.89 330.36 288.4 
 
419.9 449.85 391.3 
Vapor Pressure (torr) 1.07E-05 2.30E-05 2.60E-04 
 
8.78E-15 1.50E-09 5.25E-08 
Solubility (mg/L) 1.05 148 4.5 
 
0.001 0.005 0.2 
Applications: 
       Trade name 
(for determining application rates): 
Lorsban 
Advanced 
Cheminova 
Malathion 57 
Counter 
15G  
Asana XL 
Warrior II w/ 
Zeon Tech. 
Ambush 
Number of applications 3 2 1 
 
5 16 8 
Days between applications 10 5 N/A 
 
5 4 5 
Amount (kg active ingredient/ha) 1.12 1.12 1.46 
 
0.06 0.03 0.28 
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Table B1 (continued) 
 
 
Organophosphates 
 
Pyrethroids 
 
Chlorpyrifos Malathion Terbufos 
 
Esfenvalerate -cyhalothrin Permethrin 
Application method Foliar Foliar Incorporate 
 
Foliar Foliar Foliar 
Depth (cm) N/A N/A 3 
 
N/A N/A N/A 
Peak EEC (g/L): 
       Maximum 28.000 18.400 36.600 
 
1.030 1.770 5.980 
Mean 6.681 1.755 3.218 
 
0.342 0.689 1.700 
Median 5.810 0.778 1.435 
 
0.311 0.649 1.420 
Minimum 1.130 0.558 0.729 
 
0.043 0.124 0.201 
a – source: http://www.pesticideinfo.org/ 
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Table B2. Summary of reported 96-h LC50 values from USEPA ECOTOX Release 4.0 database 
for Procambarus spp. exposed to five insecticides. 
 
Chemical Species Exposure Type 
LC50 
(ppb) 
SEM 
No. of 
studies 
-cyhalothrin Procambarus clarkii Static 0.16   1 
Permethrin Procambarus blandingii Flow-through 210  1 
Permethrin Procambarus clarkii Static 0.736 0.078 18 
Chlorpyrifos Procambarus acutus Static 2  1 
Chlorpyrifos Procambarus clarkii Flow-through 21  1 
Chlorpyrifos Procambarus sp. Static 7.225 5.675 2 
Malathion Procambarus acutus Static 50,000  1 
Malathion Procambarus clarkii Static 49,170   1 
Terbufos Procambarus clarkii Static 5.9  1 
Terbufos Procambarus sp. Static 8   1 
 
Table B3. Nominal concentrations (g/L) for each pesticide. Actual concentrations are reported 
in parentheses for nominal concentrations within the detection limits of the ELISA test kits. 
 
Chemical Conc. 1 Conc. 2 Conc. 3 Conc. 4 Conc. 5 
Esfenvalerate 
0.02a 0.20a 1.00a 2.00a 20.00 
(25.50) 
-cyhalothrin 
0.03a 0.13a 0.26a 1.30a 2.60a 
(2.79)b 
Permethrin 
0.04a 0.21a  0.41a 2.07a 4.14 
(5.68) 
Chlorpyrifos 0.64
c 3.20c 6.40c 32.00c 64.00c 
Malathion 
10.10 
(30.7)d 
(3.83)f 
101 
(250)d 
(38.3)f 
1010 
(2358)d 
(383)f 
10100 
(13013)d 
(3833)f 
101000 
(130134)de 
(38327)f 
Terbufos 0.09c 0.86c 8.55c 17.10c 171.00c 
a – Nominal concentration below detection limit of ELISA assay 
b – Actual concentration determined from 20.0 g/L (nominal) stock solution 
c – Absorbances of diluted samples for chlorpyrifos and terbufos were outside range of standard 
solutions in ELISA assay, so nominal concentrations were used for analyses 
d – Actual concentrations of malathion from Belostoma flumineum trials 
e – Absorbance of diluted sample was outside range of standard solutions in ELISA assay, so 
concentration was determined from the actual concentration of the closest serial dilution 
f – Absorbances of diluted samples for malathion were outside range of standard solutions in 
ELISA assay, with the exception of the lowest nominal concentration. All other concentrations 
determined from serial dilutions used for lowest nominal concentration.  
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Table B4. Variance components from the mixed-effects Cox survival analysis for Procambarus 
alleni exposed to multiple concentrations of three pyrethroid (esfenvalerate, -cyhalothrin, and 
permethrin) and three organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. 
Given below the random effects components are the coefficients for the fixed effect of 
concentration (toxic units) and the random effects for the intercepts of each class and chemical. 
Positive coefficients indicate a greater probability of mortality (relative to the grand mean) 
during the study per unit increase in toxic units. The magnitude of the difference in risk (in terms 
of hazard ratio) between two classes or chemicals can be found by taking the exponent of the 
difference of their respective coefficients.  
 
Parameter  Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Intercept Chemical 1.073 1.151 0.443 
Intercept Class 1.204 1.449 0.557 
Fixed and random effects coef exp(coef) P-value 
Fixed Concentration 0.611 1.843 <0.001 
Class Pyrethroid 0.743 2.103 N/A 
Class Organophosphate -0.743 0.476 N/A 
Chem Esfenvalerate 0.292 1.339 N/A 
Chem -cyhalothrin 0.204 1.226 N/A 
Chem Permethrin 0.095 1.099 N/A 
Chem Chlorpyrifos 0.071 1.073 N/A 
Chem Malathion -1.753 0.173 N/A 
Chem Terbufos 1.091 2.978 N/A 
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Table B5. Variance components from the mixed-effects Cox survival analysis for Belostoma 
flumineum exposed to multiple concentrations of three pyrethroid (esfenvalerate, -cyhalothrin, 
and permethrin) and three organophosphate (chlorpyrifos, malathion, and terbufos) insecticides. 
Given below the random effects components are the coefficients for the fixed effect of 
concentration (toxic units) and the random effects for the intercepts of each class and chemical. 
Positive coefficients indicate a greater probability of mortality (relative to the grand mean) 
during the study per unit increase in toxic units. The magnitude of the difference in risk (in terms 
of hazard ratio) between two classes or chemicals can be found by taking the exponent of the 
difference of their respective coefficients.  
 
Parameter  Random effect 
Standard 
deviation 
Variance 
Proportion 
of variance 
Intercept Chemical 0.093 0.009 0.089 
Intercept Class 0.298 0.089 0.911 
Fixed and random effects coef exp(coef) P-value 
Fixed Concentration 0.307 1.359 <0.001 
Class Pyrethroid 0.193 1.213 N/A 
Class Organophosphate -0.193 0.825 N/A 
Chem Esfenvalerate 0.001 1.001 N/A 
Chem -cyhalothrin 0.057 1.059 N/A 
Chem Permethrin -0.039 0.961 N/A 
Chem Chlorpyrifos -0.025 0.975 N/A 
Chem Malathion 0.020 1.020 N/A 
Chem Terbufos -0.014 0.986 N/A 
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Supporting figures  
 
Figure B1. Kaplan-Meier survival curves for Procambarus alleni exposed to multiple concentrations of three 
pyrethroid [a) esfenvalerate, b) -cyhalothrin, and c) permethrin] and three organophosphate [d) chlorpyrifos, e) 
malathion, and f) terbufos] insecticides for ten days. 
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Figure B2. Kaplan-Meier survival curves for Belostoma flumineum exposed to multiple concentrations of three 
pyrethroid [a) esfenvalerate, b) -cyhalothrin, and c) permethrin] and three organophosphate [d) chlorpyrifos, e) 
malathion, and f) terbufos] insecticides for ten days.
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Appendix C: Supplementary Materials: Chapter Three 
 
Mesocosm experiment 
Experimental design 
We established simulated freshwater ponds in 1200 L mesocosms filled with 800 L of water 
at a facility approximately 20 miles southeast of Tampa, FL, USA. Tanks were filled with tap 
water on 4 June 2010 and allowed to age for 48 h before being seeded with algae (periphyton and 
phytoplankton) and zooplankton collected from local ponds on 6 June 2010. Algal and 
zooplankton communities were allowed to establish over a four week period and water between 
tanks was mixed weekly to attempt to homogenize initial communities before application of 
agrochemical treatments. Sediment (1 L play sand and 1 L organic topsoil (The Scotts Company, 
Marysville, OH, USA)) was added to each tank on 1 July 2010. Immediately prior to application 
of agrochemical treatments on 8 July 2010, snails (27 Bi. glabrata (NMRI strain), 11 Bu. 
truncatus (Egyptian strain), and 30 Haitia cubensis) and snail predators (3 crayfish 
(Procambarus alleni), and 7 giant water bugs (Belostoma flumineum)) were added to each tank. 
The mesocosm experiment was approved under USF Instititutional Biosafety Committee Study 
number 0971 (Appendix D). 
Sixty tanks were randomly assigned to one of 12 treatments in 5 replicated spatial blocks. 
Water and solvent (0.0625 mL/L acetone) controls were used to ensure that any observed effects 
in agrochemical treatments could not be proscribed to the presence of solvent. The herbicide 
atrazine and the insecticide chlorpyrifos were dissolved in acetone and applied at their respective 
estimated peak environmental concentration (EEC: atrazine = 102 g/L; chlorpyrifos = 64 g/L). 
EEC values were determined using the USEPA’s GENEEC (v2.0, USEPA, Washington, D.C.) 
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software, manufacturers’ label application recommendations, and the physicochemical properties 
of each pesticide (Table C5). Target concentrations of fertilizer (N: 4,400 g/L, P: 440 g/L) 
were taken from ponds identified as high productivity in a field survey conducted by Chase 
(Chase 2003). Fertilizer was applied as a mixture sodium nitrate and sodium phosphate dissolved 
in acetone. Each chemical was applied individually at its EEC, at 2x the EEC, and in all pairwise 
combinations. The 2x EEC treatments were included as an additional reference to account for 
pairwise mixtures having approximately twice the amount of chemicals added. 
Technical-grade insecticides were used for all treatements (purity > 98%; Chemservice, West 
Chester, PA, USA). Actual concentrations of chemicals applied to the replicates were confirmed 
using ELISA test kits for detection of chloroacetanilides, triazines, organophosphates, and 
pyrethroids (Abraxis, LLC, Warminster, PA, USA). ELISA assays were calibrated by using 
standards of known concentration for each insecticide, or calculated from established cross-
reactivity to the chemical used to determine the standard curve. For any nominal concentrations 
below the limit of detection for the kit, we confirmed the concentration of the stock solution used 
for serial dilutions. 
 
Snail infections 
Schistosoma mansoni (NMRI strain) and S. haematobium (Egyptian strain) eggs were 
collected from infected Siberian hamsters housed at the University of South Florida’s College of 
Medicine Vivarium. Snails and infected hamsters were provided by the NIAID Schistosomiasis 
Resource Center. Five infected hamsters were euthanatized on 27 July 2010, 4 August 2010, and 
12 August 2010), and S. haematobium eggs were collected from the intestines. Eggs were 
isolated from tissue using a handheld immersion blender and collected on a 45 m USA standard 
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test sieve (Fisher Scientific, Pittsburgh, PA, USA). Mature eggs were stored in a 1.4% NaCl 
solution to inhibit hatching in a 50 mL centrifuge tube. Eggs were suspended repeatedly using a 
vortex mixer and sixty-five 3mL aliquots were prepared for each schistosome species and added 
to the tanks within two hours of collection. An additional three aliquots were preserved to 
quantify the total number of eggs added to each tank. Egg viability was quantified by placing 
subsamples of the remaining mature eggs in artificial spring water (Cohen & Neimark 1980) and 
observing the proportion of hatched miracidia within 1 h. Collection of schistosome eggs from 
infected hamsters was approved by animal care and use committee protocols T 3829 and R 3517 
at the University of South Florida (Appendix D). 
 
Data collection 
Periphyton measurements were recorded from 100 cm2 clay tiles suspended vertically 15 cm 
from the bottom of each tank (approximately 20 cm below the water’s surface), facing south 
along the northern wall of each tank. Five clay tiles were added to each tank when they were 
initially filled with water. Algal samples were collected immediately prior to agrochemical 
addition (Week 0) and at 1, 2, 4, 8, and 12 weeks post-application. Phytoplankton and periphyton 
chlorophyll a and photosynthetic efficiency (measured as F0 and QY, respectively), were 
measured from samples stored in darkness for 1 h, using a handheld fluorometer (Z985 Cuvette 
AquaPen, Qubit Systems Inc., Kingston, Ontario, Canada). Temperature and light levels were 
quantified on the same dates as algal sampling by suspending a data logger (HOBO Pendant UA-
002-64, Onset Computer Corporation, Bourne, MA, USA) 20 cm below the water surface for 30 
minutes in each replicate within a spatial block near midday. Loggers were rinsed in tap water 
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after the 30 minute data collection period for each block before being transferred to the next 
spatial block. 
Snail reproductive effort and density was estimated using two 15 x 30 cm pieces of 
Plexiglass placed in each tank; one suspended vertically 10 cm from the bottom of each tank and 
one resting horizontally along the tank bottom. Snail egg masses, juveniles, and adults were 
quantified from each sampler at weeks 1, 2, 4, 8, and 12. Visual searches for dead P. alleni and 
B. flumineum occurred 24 and 48 h after agrochemical addition, and upon each snail sampling 
session. Ten weeks after agrochemical addition, pool shock was added to each tank to kill any 
infective schistosome cercariae and tanks were subsequently drained through a kick net (800/900 
m, 425-K11, Wildlife Supply Company, Yulee, FL, USA) to collect remaining organisms. All 
snails and macroinvertebrates were collected, fixed in formalin for one week, and subsequently 
preserved in 70% ethanol. Snail infection status was determined by cracking each snail’s shell 
and inspecting the hepatopancreas and gonads under a dissecting microscope. 
 
Data analysis 
There was no effect of solvent on any response variables, so solvent and water controls were 
pooled and treated as a single control treatment. Likewise, there was no effect of concentration 
on any of the observed response variables, so 1x and 2x EEC single pesticide treatments were 
combined for analysis. Photosynthetic efficiency was logit-transformed prior to analysis. All 
other response variables were ln+1 transformed.  
Structural equation modeling was used to explore combined causal pathways of pesticide 
mixtures using the lavaan package (Rosseel 2012) in R statistical software (R Core Team 2013). 
Because a sample size of 60 tanks restricted the number of causal pathways we could infer, we 
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first constructed a latent variables for predator mortality (P. alleni and B. flumineum mortality at 
24h and the end of the experiment) and a second model consisting of latent variables for 
phytoplankton production (F0 and QY from weeks 1-8), periphyton chlorophyll a (F0 from weeks 
1-4), and periphyton photosynthetic efficiency (QY from weeks 1-4). Model comparison using 
AICc was performed to select the best latent variable model from alternative configurations of 
indicator variables. The scores for each latent variable model were then extracted using the 
predict function and used for construction of a structural equation model that included snail 
response variables (number of egg masses on snail samplers from weeks 1-4, the number of snail 
hatchlings on snail samplers from weeks 4-8, and the number of live snails collected at the end of 
the experiment for each species) as indicators of a latent variable of snail density. 
The relationship between infected snail density and density of live snails at the end of the 
experiment was analyzed using a generalized linear models in the glmmADMB package (Skaug 
et al. 2014) in R statistical software (R Core Team 2013). Alternate models including or 
excluding final Bi. glabrata density in addition to fixed main effects of agrochemicals, their 
interactions, and block were used as predictors of the count of infected Bi. glabrata in each tank, 
with a zero-inflated poisson distribution (Tables C2, C3). We also tested for direct effects of 
agrochemicals on infection prevalence using a beta binomial error distribution of infected vs 
uninfected B. glabrata in each tank with fixed effects of agrochemicals, their interactions, and 
block as predictors (Table C4). Light availability was tested as a response of periphyton 
chlorophyll a and fixed effects of block in week 2, using the glmmADMB package in R. 
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Schistosome egg viability experiment 
Eggs were collected from the tissues of two S. mansoni-infected Swiss-Webster mice and 
two S. haematobium-infected Siberian hamsters, on 1 Sep 2011, 6 September 2011, and 8 
September 2011. See Appendix C: Mesocosm Experiment: Snail infections for detailed methods 
on egg collection. Eggs were stored in 1.4% NaCl to prevent hatching before beginning egg 
viability trials on each day. For each species on each date, twelve agrochemical treatments (see 
Appendix C: Mesocosm Experiment: Experimental design) were randomly applied to wells filled 
with 1.0 mL ASW in two spatial blocks in a 24-well tissue culture plate (Falcon® # 353047, 
Corning Incorporated, Corning, NY, USA). After applying agrochemicals to each well, 
approximately 20 eggs of either S. mansoni or S. haematobium were added to each well. The 
number of miracidia in each well was counted after 1 h. Lugol’s iodine was then added to each 
well to stain and count the unhatched eggs in each well. One plate trial was performed on each 
date for each species, for a total of six replicate trials per species. Egg viability was tested using 
the glmmADMB package in R (Skaug et al. 2014). Fixed main effects of and interactions 
between agrochemicals and random effects of block nested within plate were used as predictors 
of hatching success with a beta binomial distribution. 
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Supporting tables 
Table C1. Results of the structural equation model conducted in the package lavaan in R 
revealing the relationships among agrochemical mixtures, predator density, algal productivity, 
and snail density. 
 
Latent variables Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Predator mortality      
     P. alleni (24h) 1.000  0.874   
     P. alleni (end) 0.580 0.098 0.641 5.934 <0.001 
     B. flumineum (24h) 0.532 0.066 0.779 8.018 <0.001 
     B. flumineum (end) 0.004 0.016 0.032 0.247 0.805 
Phytoplankton      
     F0 (week 1) 1.000  0.361   
     F0 (week 2) 1.583 0.609 0.791 2.601 0.009 
     F0 (week 4) 1.836 0.859 0.436 2.137 0.033 
     F0 (week 8) 1.634 0.954 0.296 1.713 0.087 
     QY (week 1) 2.140 0.977 0.243 2.191 0.028 
     QY (week 2) 6.357 2.443 0.793 2.602 0.009 
     QY (week 4) 3.942 1.832 0.443 2.152 0.031 
     QY (week 8) 4.602 2.266 0.394 2.031 0.042 
Periphyton F0      
     F0 (week 1) 1.000  0.560   
     F0 (week 2) 0.966 0.296 0.536 3.262 0.001 
     F0 (week 4) 0.900 0.345 0.403 2.612 0.009 
Periphyton QY      
     QY (week 1) 1.000  0.300   
     QY (week 2) 3.555 2.064 0.431 1.722 0.085 
     QY (week 4) 2.235 1.233 0.506 1.813 0.070 
Snail density      
     Bi. glabrata eggs 1.000  0.722   
     Bi. glabrata hatch. 6.243 1.373 0.583 4.548 <0.001 
     Bi. glabrata end 1.756 0.287 0.776 6.120 <0.001 
     Bu. truncatus eggs 0.478 0.131 0.391 3.476 0.001 
     Bu. truncatus hatch. 1.536 0.199 0.963 7.703 <0.001 
     Bu. truncatus end 2.732 0.353 0.966 7.732 <0.001 
     H. cubensis eggs 0.574 0.118 0.487 4.884 <0.001 
     H. cubensis hatch. 1.431 0.215 0.842 6.671 <0.001 
     H. cubensis end 2.808 0.384 0.918 7.309 <0.001 
Composite variables Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Algal production      
     Phytoplankton 1.000  1.149   
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Table C1 (continued) 
 
     Periphyton F0 -0.044 0.138 -0.111 -0.321 0.749 
     Periphyton QY 1.705 0.635 0.999 2.685 0.007 
Covariances Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Predator mortality      
     B. flumineum (24h) ~    
B. flumineum (end) 
0.005 0.002 0.335 2.507 0.012 
Phytoplankton      
     F0(wk 1) ~ QY(wk 1) 0.328 0.085 0.589 3.841 <0.001 
     F0(wk 4) ~ QY(wk 4) 0.544 0.128 0.712 4.263 <0.001 
     F0(wk 8) ~ QY(wk 8) 0.819 0.219 0.573 3.733 <0.001 
Snail density      
     Bu. truncatus eggs ~ 
H. cubensis eggs 
0.006 0.001 0.637 4.145 0.000 
     Bi. glabrata eggs ~ 
Bu. truncatus eggs 
0.004 0.001 0.478 3.309 0.001 
     Bi. glabrata eggs ~ 
H. cubensis eggs 
0.003 0.001 0.343 2.490 0.013 
     Bu. truncatus hatch ~ 
H. cubensis end 
-0.002 0.001 -0.558 -3.348 0.001 
     Bi. glabrata hatch ~ 
H. cubensis hatch 
0.025 0.009 0.408 2.867 0.004 
Periphyton F0 ~ 
Periphyton QY 
-0.001 0.000 -0.396 -2.853 0.004 
Regressions Estimate Std.err 
Standardized 
estimate 
Z-value P(>|z|) 
Predator mortality~     
  Chlorpyrifos 1.050 0.008 0.998 133.140 <0.001 
Phytoplankton~   
 
    
  Atrazine -0.059 0.022 -0.201 -2.735 0.006 
  Fertilizer 0.234 0.022 0.793 10.806 <0.001 
Phytoplankton F0~     
 
    
  Atrazine -0.274 0.027 -0.424 -10.303 <0.001 
  Fertilizer 0.330 0.025 0.510 13.104 <0.001 
  At*Fe 0.571 0.037 0.692 15.597 <0.001 
Periphyton QY~     
 
    
  Atrazine 0.123 0.006 0.816 19.751 <0.001 
  Fertilizer -0.069 0.006 -0.458 -11.082 <0.001 
Snail density~   
  Predator mortality 0.164 0.021 0.977 7.838 <0.001 
  Algal production 0.081 0.029 0.118 2.780 <0.001 
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Table C2. Results of generalized linear mixed model on density of infected Biomphalaria 
glabrata at the end of the experiment. The number of infected snails per tank was modeled using 
a zero-inflated poisson distribution and fixed effects of all predictor variables. 
 
Term Coefficient Std. Error z-value P 
intercept -2.93 1.33 -2.20 0.028 
Bi. glabrata density 0.006 0.001 4.65 <0.001 
At 0.63 1.27 0.50 0.620 
Ch 1.82 1.13 1.61 0.107 
Fe -16.3 3330.00 0.00 0.996 
At:Ch -0.31 1.36 -0.23 0.819 
At:Fe 1.73 3330.00 0.01 0.996 
Ch:Fe 1.55 3330.00 0.00 0.996 
At:Ch:Fe -1.74 3330.00 -0.01 0.996 
Block 2 1.40 0.86 1.63 0.102 
Block 3 0.73 1.01 0.72 0.470 
Block 4 1.58 0.86 1.84 0.066 
Block 5 0.42 1.01 0.41 0.678 
 
Table C3. Results of generalized linear mixed model on infection prevalence. Number of 
infected snails vs number of uninfected snails in each replicate was modeled using a beta 
binomial distribution and fixed effects of all predictor variables. 
 
Term Coefficient Std. Error z-value P 
intercept -3.85 1.27 -3.03 0.002 
At 0.36 1.29 0.28 0.780 
Ch -0.32 1.14 -0.28 0.777 
Fe -12.48 1712.60 -0.01 0.994 
At:Ch -0.28 1.47 -0.19 0.847 
At:Fe 12.75 1712.60 0.01 0.994 
Ch:Fe 11.48 1712.60 0.01 0.995 
At:Ch:Fe -11.94 1712.60 -0.01 0.994 
Block 2 0.69 0.86 0.80 0.424 
Block 3 0.49 1.03 0.47 0.635 
Block 4 0.19 0.91 0.21 0.831 
Block 5 0.20 0.90 0.23 0.822 
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Table C4. Results of generalized linear mixed model on S. mansoni and S. haematobium egg 
viability. 
 
Schistosoma mansoni 
Term Coefficient Std. Error z-value P 
Intercept -2.301 0.230 -10.02 <0.001 
Atrazine -0.109 0.272 -0.40 0.689 
Ch -0.294 0.289 -1.02 0.310 
Fe 0.009 0.262 0.03 0.973 
At:Ch 0.506 0.418 1.21 0.226 
At:Fe 0.358 0.404 0.88 0.376 
Ch:Fe 0.037 0.453 0.08 0.936 
At:Ch:Fe -1.333 0.701 -1.90 0.057 
     
Schistosoma haematobium 
Term Coefficient Std. Error z-value P 
Intercept -3.798 0.884 -4.92 <0.001 
Atrazine 0.066 0.431 0.15 0.880 
Ch -0.175 0.455 -0.38 0.700 
Fe -0.200 0.467 -0.43 0.670 
At:Ch 0.761 0.643 1.18 0.240 
At:Fe -0.701 0.790 -0.89 0.370 
Ch:Fe 1.159 0.920 -1.26 0.210 
At:Ch:Fe 1.144 1.255 0.91 0.360 
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Table C5. Parameters used for calculation of peak estimated environmental concentrations 
(EECs). 
 
GENEEC Parameter Atrazine Chlorpyrifos 
Trade name Aatrex Dursban 50W 
Crop Corn Turfgrass 
Rate (pounds of active ingredients/acre taken from 
specimen label) 2 8 
Number of applications 1 1 
Times between applications - - 
koc (use lowest) 100b 6070b 
Soil half-life (days) 300c 30.5c 
Wetted application? No No 
Application method Ground spraya Ground spraya 
Nozzle height (in.) 20-50: EFEDa 20-50: EFEDa 
Spray Quality fine: EFEDa fine: EFEDa 
No spray zone (feet) 0 0 
Depth of incorporation (0-6 inches) 0 0 
Solubility (mg/L) 33 2b 
Aquatic half-life (days) - use longest 742d - 
Hydrolysis half-life (days) - use longest - 78d 
Photolysis half-life (days) - usually the longest 
number 335d 28d 
Peak EEC (g/L) 102 64 
Actual concentration (g/L) 99 NAe 
a – Program default value  
b – http://extoxnet.orst.edu/ 
c – USDA  
d – Spectrum Laboratories  
e – Absorbances of diluted samples for chlorpyrifos were outside range of standard solutions in ELISA assay, so 
nominal concentrations were used for analyses 
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Supporting figures 
 
Figure C1. Structural equation model showing effects of fertilizer and atrazine on different latent variables 
describing algal productivity. Black arrows represent positive effects while red arrows indicate negative effects. 
Arrows are scaled to the size of the standardized path coefficients (the top number next to each arrow). P-values for 
each path in the model are reported below each standardized coefficient. To reduce visual complexity, observed 
measurement variables contributing to each latent variable have been omitted. Loadings for each latent variable are 
reported in Table C1. 
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Appendix E: Institutional Biosafety Committee (IBC) Approval 
 
132 
 
Appendix F: Copyright Permissions 
 
 
Thank You For Your Order! 
Dear Dr. Neal Halstead, 
Thank you for placing your order through Copyright Clearance Center's RightsLink 
service. John Wiley and Sons has partnered with RightsLink to license its content. This 
notice is a confirmation that your order was successful. 
Your order details and publisher terms and conditions are available by clicking the link 
below: 
http://s100.copyright.com/CustomerAdmin/PLF.jsp?ref=7725fe2d-4d08-4cbe-9fde-
2074fec6c81f 
Order Details 
Licensee: Neal Halstead  
License Date: Apr 6, 2015  
License Number: 3603090805141  
Publication: Ecology Letters  
Title: Community ecology theory predicts the effects of agrochemical mixtures on 
aquatic biodiversity and ecosystem properties 
Type Of Use: Dissertation/Thesis  
Total: 0.00 USD 
To access your account, please visit https://myaccount.copyright.com. 
Please note: Online payments are charged immediately after 
order confirmation; invoices are issued daily and are payable 
immediately upon receipt. 
To ensure that we are continuously improving our services, please take a moment to 
complete our customer satisfaction survey. 
B.1:v4.2 
 
 
    
 
  
  
+1-855-239-3415 / Tel: +1-978-646-2777 
customercare@copyright.com  
http://www.copyright.com 
 
  
  
  
  
 
 
 
